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THERMODYNAMIC MODELING OF METAL ADSORPTION AND MINERAL 

SOLUBILITY IN GEOCHEMICAL SYSTEMS 

Abstract 

by 

Daniel Scott Alessi 

Developing geochemical models that can accurately predict the fate and transport 

of heavy metals and actinides in soils and aquifers requires detailed information about 

the quantity and reactivity of each component, across a wide range of environmental 

conditions. The studies I present in this dissertation provide critical insights into the 

mechanisms of heavy metal and actinide transport and immobilization by answering 

questions including: (1) To what extent to monovalent cations adsorb to the cell walls of 

bacteria? (2) How accurate is the chloroform fumigation-extraction method in 

determining biomass carbon in naturally occurring soils? (3) Can surface complexation 

models that are developed for the adsorption of metals on to single sorbents be combined ' 

to predict metal distribution in multi-sorbent systems? (4) Does the incorporation of 

Np(V) into the structure of the uranyl silicate affect its solubility, and therefore 

thermodynamic stability? 

The results of study (1) demonstrate that monovalent cations adsorb to the cell 

walls of bacteria, albeit weakly. I model the adsorption data invoking discrete surface 

functional groups on the bacteria, and show how this approach is a simpler alternative to 

electrostatic models in accounting for the effects of ionic strength on the adsorption of 



Daniel Scott Alessi 
higher-charged metals. The results of study (2) indicate that the fumigation-extraction 

method may fail to accurately determine biomass carbon because chloroform vapor 

adsorbs to clays during fumigation, artificially inflating the organic carbon pool by 

entering into the subsequent extraction solutions. Because the increase in total organic 

carbon in the extracts is interpreted as biomass, the method must be corrected for the 

effects of chloroform contamination to be accurate. Study (3) demonstrates that surface 

complexation models of metal adsorption to individual soil components can be 

combined to predict Cd distribution in mixtures of these sorbents in many cases; 

however, to describe Cd adsorption behavior in the presence of a dissolved organic 

ligand, models must invoke ternary complexes between the sorbents, Cd, and the organic 

ligand. Finally, in study (4), it is revealed that a relatively small substitution of Np for U 

in the structure of soddyite causes a dramatic decrease in its solubility. This result has 

important implications for geochemical modeling of repositories because Np-

incorporated soddyite will release substantially less U into solution than pure soddyite. 
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CHAPTER 1 

INTRODUCTION 

1.1 Overview and Research Questions 

The ability to accurately predict the mobility of metal cations and radionuclides 

in geologic systems depends on accurate characterization of the reactivity of every 

component in the system with the elements of interest. Adsorption, dissolution, and 

precipitation reactions at bacterial, organic, and mineral surfaces control the fate of these 

aqueous species in geologic systems. My dissertation research addresses several 

important questions that relate to metal or radionuclide mobility, including: 

(1) Do monovalent metal cations adsorb to bacterial cell walls? If they do adsorb, 

can we quantify the stability of the important bacterial surface complexes, and by so 

doing can we account for the effect of ionic strength on the adsorption of higher charged 

cations onto bacteria? It is often assumed that monovalent cations exhibit negligible 

site-specific binding to cell wall functional groups, and therefore only influence the 

adsorption of higher charged metals through non-specific electrostatic surface charging 

effects. However, this assumption has not been rigorously tested. If site-specific 

monovalent metal binding occurs, then accounting for site competition between 

monovalent and higher valence ions may be a more straightforward approach to 

quantifying the effect of ionic strength on metal adsorption than the current models of 

surface electric field effects. In Chapter 2,1 report results from experiments that 
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measured the adsorption of Li+ and Rb+ onto the Gram-positive soil bacteria Bacillus 

subtilis as a function of pH and electrolyte ionic strength to determine stability constants 

for these metals and Na+. Using the stability constant determined for the surface 

complexes between these monovalent cations and the bacteria, we correct previously 

determined apparent stability constants for metal-bacterial surface complexes involving 

Cd2+. 

(2) Is the fumigation-extraction procedure for determining biomass content of 

geologic samples accurate and/or precise enough to enable calculations of metal 

speciation in mass transport models? Metal binding to microbial cells can significantly 

affect the speciation and overall mobility of metals in groundwater and soils, so the 

biomass content must be precisely and accurately determined in order to model the fate 

and transport of metals in these systems. The fumigation-extraction procedure is the 

most commonly-accepted method of determining soil microbial biomass content, but 

control experiments for the procedure have never been conducted, so its accuracy and 

precision are not constrained. I performed chloroform fumigation experiments on 

individual soil components, including silica sand, montmorillonite, kaolinite, a humic 

acid, and Bacillus subtilis bacterial cells, to determine if the method can accurately 

determine biomass amounts, and if chloroform adsorption to these surfaces during 

fumigation affects the results of this procedure. Based on the data from these 

experiments, I discuss the validity of the fumigation-extraction method for various soil 

types in Chapter 3. 

(3) Can we develop models that accurately account for metal binding and 

distribution among the various components of soils? Although there are many empirical 

studies of bulk adsorption of metals onto soils, the ability of surface complexation 
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models (SCM) to model the speciation and distribution of metals in multi-sorbent 

systems has not been widely tested. In this study (Chapter 4), Cd2+ adsorption to 

mixtures of soil components is measured at varying pH and ionic strength conditions to 

determine the capability of a non-electrostatic SCM to independently account for the 

distribution of the metal to the surfaces. 

(4) How does the incorporation of neptunium into the structure of the uranyl 

silicate soddyite affect the mineral solubility? Soddyite with neptunium in the structure 

is likely to form under the oxidizing conditions of some nuclear repositories. If the 

neptunium has a substantial effect on soddyite solubility, the mobility of neptunium and 

uranium in a geologic repository setting could be much different than currently 

predicted. To answer this question, I synthesized soddyite powders with varying trace 

amounts of Np in the structure. Chapter 5 presents the results of solubility experiments 

performed with these Np-incorporated soddyites. 

1.2 Monovalent Cation Adsorption to Bacterial Surfaces 

Water in the subsurface contains a range of metal ions that compete for 

adsorption sites on soil and aquifer surfaces. Although the binding of various metals 

onto bacterial cell wall functional groups has been studied extensively (e.g., Beveridge 

and Murray, 1976; Beveridge, 1989; Ledin et al., 1997; Yee and Fein, 2001; Fein et al., 

2002; Borrok and Fein, 2004; Gorman-Lewis et al., 2005; Covelo et al., 2007; Johnson 

et al., 2007), the binding constants for monovalent cations, which in many systems are 

the most concentrated cations present, are not known. Laboratory measurements of 

divalent metal adsorption onto bacterial surfaces are usually conducted in the presence 

of a concentrated monovalent salt electrolyte to buffer ionic strength, but monovalent 

cations are assumed to be inert to adsorption onto bacterial surface functional groups. 
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The decrease in divalent metal adsorption to surfaces with increasing ionic strength is 

often attributed to a decrease in the strength and extent of the electric field of the 

adsorbing surface with increasing ionic strength. However, if monovalent metals adsorb 

onto surface functional groups and thereby compete with divalent metals for available 

sites, an alternative approach for modeling the ionic strength effect on divalent metal 

adsorption may be to account for monovalent adsorption explicitly. 

In our study, we test this alternative approach to accounting for the ionic strength 

effect by using a non-electrostatic surface complexation model (NEM). The NEM 

approach assumes that the functional groups on surfaces behave the same as dissolved 

ligands, so that the electrostatic terms can be neglected entirely (Davis and Kent, 1990). 

Instead, ions in solution are assumed to directly and simultaneously compete for surface 

functional groups, the assumption being that monovalent adsorption is onto specific sites 

rather than only due to electrostatic attraction from the surface electric field in general. 

In this regard, NEMs are simpler to apply than electrostatic models. Although 

electrostatic interactions do occur between ions and surfaces, they are difficult to model 

due to the difficulty in modeling the nature and extent of the surface electric field, 

especially in complex realistic systems (Davis et al., 1998). A range of surface electric 

field models exist, but all are empirical in that they require calibration with a number of 

adjustable parameters, and typically the models fit experimental adsorption data equally 

well (Hayes et al., 1991). The NEM approach minimizes the number of required 

modeling parameters, but without an understanding of site-specific monovalent ion 

adsorption, the NEM approach cannot account for the effect of ionic strength on cation 

adsorption. The research presented in Chapter 2 represents an attempt to adapt non-
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electrostatic adsorption models to account for these ionic strength effects without having 

to characterize the nature and extent of the surface electric field. 

In the first study of this dissertation (Chapter 2), I conduct experiments to 

determine the extent of adsorption of monovalent metals to the Gram-positive soil 

bacteria Bacillus subtilis in order to calibrate a non-electrostatic adsorption model that 

can account for the effect of ionic strength on metal adsorption. The experiments are 

performed as a function of ionic strength and pH. Because bacterial cells contain high 

concentrations of Na+ and K+ that could enter into solution during metal adsorption 

experiments, the experiments were not conducted with these metals, but instead with Li+ 

and Rb+. A NEM is used to model the monovalent adsorption data and solve for discrete 

metal-bacteria binding constants for the monovalent cations. These constants are then 

used to determine the competitive effect of monovalent cations on the adsorption of 

Cd2+onto bacterial surface adsorption sites. This approach may serve as an alternative 

modeling approach to electrostatic models for accounting for ionic strength effects on 

cation adsorption onto bacterial surfaces. 

1.3 Testing the Fumigation-Extraction Method for Soil Microbial Biomass 

Modeling metal speciation, bioavailability, and mobility in systems such as soils 

and aquifers using a surface complexation approach requires accurate and precise 

estimates of the type and quantity of each type of binding site in the system, and the 

binding constants for the cation of interest onto each binding site type. Soils are 

complex, having a myriad of possible combinations of constituent parts (Gardiner and 

Miller, 2004). In the most general sense, natural soils consist of inorganic and organic 

components and soil moisture. The inorganic fraction consists of minerals such as 

quartz, iron oxides, feldspars, clays, and micas. The organic portion includes humic 
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substances and microorganisms. In order to develop general models of metal speciation 

and distribution in soils, not only do we need to know the equilibrium constants for each 

binding reaction that occurs, but we also need accurate and precise methods to quantify 

the concentration of each component in a natural soil sample. 

Commonly used methods of biomass determination include direct counting of 

bacteria using a microscope and the use of adsorbent fluorescent dyes for 

spectrophotometric measurement of cells. These methods yield highly imprecise values 

for cell concentrations (Poglazova et al., 1996). Jenkinson and Powlson (1976a, b) 

introduced a biocidal fumigation method for soils to determine the live cell biomass-

carbon in soils. This approach is significantly more precise than previous biomass 

determination methods; it is able to detect microbial biomass differences of 5% to 10% 

at a 0.05% probability level (Voroney et al., 2008). The work of Jenkinson and Powlson 

demonstrated that chloroform (CHCI3) fumigation completely lyses live cells in 24 

hours, and the evolved gas is collected. Organisms killed during the fumigation process 

are readily mineralized to CO2, so that the difference in CO2 gas evolution between 

fumigated and unfumigated samples is a measure of biomass-carbon (Smith et al., 1995). 

Vance et al. (1987) and Tate et al. (1988) used a similar method, but extracted organic 

carbon from fumigated and unfumigated samples using a 0.5 M K2SO4 solution. These 

solutions were analyzed for total dissolved organic carbon as the measure of biomass-

carbon. The Vance et al. (1987) method attributes the enhanced amount of organic 

carbon extracted from a fumigated sample relative to an unfumigated control exclusively 

to cell lysis caused by chloroform fumigation. The method would be highly inaccurate if 

chloroform adsorbed onto any soil components during fumigation and desorbed during 

the extraction procedure. Under these circumstances, the chloroform would 
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subsequently enhance the amount of organic carbon extracted from a fumigated sample, 

and therefore the enhancement of organic carbon could not be attributed exclusively to 

sample biomass. 

Although both the Vance et al. (1987) and the Tate et al. (1988) papers are 

heavily cited and considered current standard procedures for biomass determination in 

soils, control experiments using individual soil components have never been performed, 

and the accuracy of the approach remains untested. Haney et al. (1999) questioned the 

acceptability of the fumigation-extraction method to determine biomass carbon by 

showing that the amount of carbon extracted using a 0.5 M K2SO4 solution can vary as a 

function of pH. There is also some evidence that suggests that chloroform can adsorb to 

soils both from aqueous solution (Dural and Peng, 1995) and from the atmosphere 

(Chen, 1993). In this study (Chapter 3), I test whether the fumigation-extraction method 

is valid for different soil types by performing fumigation experiments with individual 

soil components, including a humic acid, a quartz sand, two types of clays, and a 

bacterial species. By determining which soil components retain chloroform through the 

fumigation procedure, this study determines which types of soils are likely to yield 

inflated biomass carbon readings using the fumigation-extraction method. 

1.4 Predicting Metal Adsorption to Mixtures of Geosorbents 

The ultimate goal of this project is to test the accuracy of surface complexation 

models that predict metal adsorption and distribution in multi-sorbent systems. 

Although metal adsorption in multi-component systems has been studied empirically 

(e.g., Ledin et al., 1997,1999; Krantz-Rulcker et al., 1996; Fingler et al., 2004), the 

ability of the SCM approach to predict metal adsorption and distribution in soils has not 

been tested. Davis et al. (1998) attempted to use a SCM to predict Zn2+ adsorption to 
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mineral assemblages. They used a component additivity (CA) approach to 

independently predict adsorption onto assemblages of minerals. Specifically, the authors 

conducted surface titrations and Zn2+ adsorption experiments on individual minerals and 

calculated proton- and metal-surface complex stability constants for each mineral 

surface site type. The adsorption behavior of Zn2+ onto mixtures of these minerals was 

then measured and compared to independent predictions of the adsorption behavior 

based on the calculated individual stability constants and the known concentration of 

each site type in the mixtures. Davis et al. (1998) found that the CA approach could not 

account for the pH-dependent adsorption behavior, likely due to interactions among the 

minerals that were not accounted for in the CA surface complexation model. 

Davis et al. (1998) also tested a generalized composite (GC) approach to 

modeling adsorption. The GC is a semi-empirical method that attributes metal 

adsorption onto mixtures of surfaces to generic functional groups, rather than the 

specific groups of the CA. Unlike the CA approach, the GC approach cannot be 

extended to other mixtures of the same surfaces because it is only valid for the surface 

ratios present in the experiment for which it was calibrated. Because of its added 

flexibility and increased number of adjustable parameters, Davis et al. (1998) found that 

the GC approach was more successful in accounting for Zn2+ adsorption to mineral 

assemblages than was the CA approach. However, Pagnanelli et al. (2006) and Fowle 

and Fein (1999) demonstrated that a non-electrostatic surface complexation model 

(NEM) approach combined with the CA approach can be successful in predicting metal 

adsorption to mixtures of pure minerals and bacteria, respectively. It remains unclear if 

the CA approach is capable of predicting metal distribution in mixtures containing 

minerals, microbes, and organic acids. 
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In Chapter 4,1 test whether the CA approach can account for the distribution of 

Cd , a toxic metal of environmental interest, between an aqueous phase and mixtures of 

kaolinite, bacteria, iron oxyhydroxide, and dissolved acetate. In order to obtain 

internally consistent stability constants for the important Cd surface complexes, I first 

measure adsorption of Cd2+ onto the individual components. From these data, the 

stability constants between Cd2+ and each individual component are calculated. The 

distribution of Cd in binary and ternary mixtures of the components is measured in 

adsorption experiments and the data are compared to independent predictions from the 

CA approach. The results demonstrate conditions for which the CA approach may be 

appropriate in predicting Cd2+ distribution, and those for which more complex models 

that include interactions between the sorbents are necessary. 

l.S Solubility of Np-incorporated Soddyite 

Spent nuclear fuel is likely to alter to uranyl minerals under the moist oxidizing 

conditions of a geological repository (Finch et al., 1999; Finn et al., 1996; Wronkiewicz 

et al., 1992,1996). Radionuclides, such as neptunium, may become incorporated into 

these secondary uranyl mineral structures (Burns et al., 1997), potentially altering the 

solubility of the phases and hence the mobilities of U and Np in the repository 

environment. Soddyite ((UC^MSiCUXFbO )̂ forms as a common alteration product of 

spent nuclear fuel in laboratory settings (e.g., Finch et al., 1999), and significant 

concentrations of Np(V), which is likely to be present in an oxizing repository, can be 

incorporated within soddyite (Klingensmith and Burns, 2007). The solubility and 

thermodynamic properties of pure soddyite have been studied (Gorman-Lewis et al., 

2007). It is unclear, however, what effect Np(V) incorporation into the mineral structure 

of soddyite has on the mineral solubility or on the extent to which Np is released from 
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the phase. 

Gnanapragasam and Lewis (1995) reported that trace levels of radium 

incorporation exert no effect on the solubility of gypsum and calcite. Curti (1999) 

reported that the incorporation of rare earth metals and Cd2+ leads to the formation of 

insoluble carbonates, but the incorporation of Mg2+, K+, Na+ and Li+ forms soluble to 

very soluble carbonates. The closest analog to this study is that of Rai et al. (2004), who 

determined the solubility effect of Np(IV) incorporation into uraninite (U02(S)). The 

authors observed ideal solid solution behavior, or a decrease in the aqueous U(IV) 

concentration in equilibrium with the solid phase that is equal to the decrease in the mole 

fraction of U(IV) within the solid phase with increasing extents of Np(IV) substitution. 

The ideal substitution behavior found by Rai et al. (2004) is likely due to similarities in 

size and charge of U(IV) and Np(IV). However, Np(V) forms the neptunyl cation, 

NpC>2+, which has different bonding environment and charge than the uranyl cation, 

U02
2+ (Forbes et al., 2008). In order for Np02

+ to substitute for U02
2+ in soddyite, it is 

likely that co-substitution of another ion, such as Na+, must occur, creating a more 

complex, non-ideal substitution mechanism. 

In Chapter 5,1 report on experiments that elucidate the effect of Np02
+ 

incorporation on the solubility of soddyite. I synthesized soddyite samples in the 

presence of various aqueous Np(V) concentrations and measured the release of U, Np, 

and Si into solution as a function of time under controlled pH conditions. These data, 

through the mass action equation for the Np-soddyite dissolution reaction, were used to 

determine the solid phase activity coefficient for each Np-incorporated phase. The 

values of these activity coefficients indicate whether Np incorporation follows ideal 

solid-solution, and the determination of the coefficients as a function of Np content of 
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the solid phase enables extrapolation of the results to solid phases with more extensive 

Np incorporation. I also use the data to calculate distribution coefficients that describe 

the extent of Np release from the Np-bearing soddyite phases. Therefore, the results of 

this study enable quantitative models of both Np and U mobility under repository 

conditions. 

11 



CHAPTER2 

EXPERIMENTAL MEASUREMENT OF MONOVALENT CATION ADSORPTION 

TO BACILLUS SUBTILIS CELLS 

2.1. Introduction 

Surface and ground waters typically contain a range of metal ions that compete 

for adsorption sites on surfaces of soil and aquifer components. Although the binding of 

environmentally important, divalent and trivalent metals onto soil components has been 

studied (e.g., Beveridge and Murray 1976; Beveridge 1989; Ledin et al. 1997; Yee and 

Fein 2001; Covelo et al. 2007), the binding behavior of monovalent cations onto 

bacterial surface functional groups is not known. Monovalent cations represent a major 

component of the total dissolved ions in many natural waters. Additionally, 

concentrated solutions of monovalent salts such as NaCl or NaC104 typically are used to 

buffer ionic strength in metal-bacteria adsorption experiments. 

The adsorption of monovalent cations onto mineral and bacterial surfaces has 

been accounted for indirectly through construction of electric double or triple layer 

models, which ascribe the association of the cations with the surface to electrostatic 

interactions with the surface electric field (Stumm et al. 1970; Davis et al. 1978). 
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Implicit in electrostatic surface complexation models of experimental adsorption data is 

the assumption that monovalent cations do not compete with higher-charged metals for 

adsorption onto specific bacterial surface functional groups. Typically, the adsorption of 

multi-valent cations to minerals and bacteria decreases with increasing ionic strength 

(e.g., Daughney and Fein 1998; Gu and Evans, 2008). Electrostatic multi-layer models 

ascribe these ionic strength effects to the contraction of the surface electric field of the 

sorbent due to non-specific outer-sphere electrostatic attraction of monovalent counter-

ions to the electric field of the sorbent (e.g., Davis and Kent 1990; Koretsky 2000). 

However, electrostatic models require the optimization of a number of parameters from 

experimental data such as surface electric field capacitance values. Direct model-

independent determination of these parameters is impossible, and application of these 

models to complex real systems is problematic (Davis et al. 1998). 

An alternative approach to accounting for ionic strength effects on multi-valent 

cation adsorption is to ascribe the adsorption behavior to direct competition between the 

electrolyte monovalent cations and the less abundant multivalent cations for specific 

surface sites. This approach obviates the need for determining electrostatic modeling 

parameters by instead including electrostatic effects in the apparent metal-surface 

equilibrium constants (Davis and Kent 1990). Equilibrium constants determined using 

this approach have the advantage of being independent of ionic strength and pH. 

Although the binding between surface functional groups and monovalent cations is 

likely to be weak, the concentration of the background electrolyte in metal adsorption 

experiments is often several orders of magnitude greater than that of the metal of 

interest. Thus, it is possible that monovalent metals significantly reduce the adsorption 

of higher charged metals via specific adsorption onto sites at the bacterial surface. 
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In this paper, we report the results of experiments conducted to determine the 

extent of adsorption of three monovalent cations, Li+, Rb+, and Na+, to the Gram-

positive soil bacterial species Bacillus subtilis as a function of ionic strength and pH. 

Adsorption data are modeled using a non-electrostatic surface complexation model 

(NEM) approach, and discrete metal-bacteria binding constants are determined for each 

monovalent cation. These constants are then used to determine the competitive effect of 

monovalent cations on the adsorption of Cd at bacterial surface sites. 

2.2 Methods 

2.2.1 Bacteria growth and preparation 

The Gram-positive soil bacterium Bacillus subtilis was initially cultured on agar 

slants made of 0.5% yeast extract and trypticase soy agar. Cells from the slant were 

transferred to 3 ml of growth medium consisting of trypticase soy broth (TSB) and 0.5% 

yeast extract and allowed to grow for 24 hours at 32°C. After the growth period, these 

bacteria were transferred to 21 of identical broth and allowed to grow for another 24 

hours at 32°C, reaching stationary phase. Bacteria were harvested by centrifuging the 

broth at 9,000 g for 10 minutes to pellet the bacteria. After decanting the broth, the 

bacteria were washed four times in NaC104 electrolyte solutions of the same ionic 

strength as the target ionic strength for an individual adsorption experiment, between 10" * 

3 and 10"' M. After each wash, the bacteria were centrifuged at 8100 g for 5 minutes to 

pellet the bacteria and the electrolyte was discarded. The cells were then resuspended in 

fresh electrolyte using a Vortex and stir rod. The bacteria were transferred to a weighed 

centrifuge tube after the final wash, and centrifuged two times for 30 minutes at 8100 g, • 

decanting the remaining supernatant each time. The weight of the resulting wet bacterial 
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pellet has been determined to be 8 times the dry weight (Borrok et al. 2005). The growth 

and washing procedure renders the bacteria alive, but metabolically inactive (Borrok et 

al. 2007). 

2.2.2 Lt andRb+ adsorption experiments 

Batch metal-bacteria adsorption experiments were performed with the 

monovalent cations Li+ and Rb+ (separately) in the presence of a NaC104 electrolyte, as 

a function of NaC104 concentration and pH. A perchlorate electrolyte solution was 

chosen because this anion does not complex strongly with metal cations. Because Na 

and K are present in biological cells and leach into solution to some extent, it is 

impossible to conduct adsorption experiments with these elements due to mass balance 

difficulties. Instead, we conducted Li+ and Rb+ adsorption measurements because these 

elements are not present appreciably in cells, and therefore rigorous constraints on their 

mass balances could be imposed on the experimental systems. 

To verify that Li+ or Rb+ did not enter into electrolyte solutions from within the 

cells, control experiments were performed by suspending 20 g l"1 wet mass B. subtilis 

cells in 10"1,10"2, and 10"3 molal NaC104 electrolyte solutions. Each ionic strength 

bacterial suspension was separated into a set of test tubes, and the pH of each tube was 

adjusted using small volumes of HC1 or NaOH to a value between 2 and 10. The tubes 

were placed on a rotary shaker to equilibrate for 2 h, after which the steady-state pH of 

each system was measured. The systems were then centrifuged at 8100 g for 10 min to 

separate the bacteria from the solution, and the resulting supernatants filtered through 

0.45 \xm nylon membranes and acidified with 25 [xL of 2.0 M HC1 per 10 ml of solution. 

Metal concentrations in all solutions were immediately analyzed using Inductively 
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Coupled Plasma - Optical Emission Spectrometry (ICP-OES). In all control 

experiments, the measured concentrations of Li+ and Rb+ were below the detection limits 

of the ICP-OES. 

Isotherm Li+ and Rb+ adsorption experiments were performed as a function of 

ionic strength at a range of fixed pH values between pH 3 and 9. Each experiment was 

initiated by suspending 20 g l"1 wet mass B. subtilis in a NaC104 electrolyte solution with 

a concentration between 10"' and 10"3 M. The pH of each suspension was adjusted as 

needed with small volumes of NaOH or HC1, and the systems were allowed to 

equilibrate on a rotary shaker for 2 h. This process of pH adjustment was repeated until 

each system was within ±0.1 units of the target pH. The amount of acid or base added 

was recorded in order to calculate the final experimental ionic strength value. After each 

suspension reached steady-state pH conditions, 10 ml aliquots of the bacterial 

suspension were removed from each system, placed into polypropylene test tubes, spiked 

to a final concentration of 2.34 x 10"5 M Li+ or Rb+ using 1000 mg l"1 Li or Rb stock 

solutions prepared from LiC104 or RbC104 salts, and allowed to react for another 2 h. 

The preparation of these LiC104 and RbC104 stock solutions and all additions of the 

solutions to experiments were performed gravimetrically. After reaching steady-state, 

the pH of experimental systems with Li+ and Rb+ were measured. The final pH levels 

for the Li+ experiments were 2.99±0.03, 4.99±0.03, 6.95±0.07, and 9.19±0.09, and for 

the Rb+ experiments, 2.98+0.03, 5.18±0.10, 6.98±0.04, and 9.02±0.04. Henceforth, for 

convenience we refer to these experiments as pH 3, 5, 7, and 9, respectively. The test 

tubes were centrifuged, filtered, and acidified in the same manner as the control 

experiments (described above), and metal concentrations in the solutions were 

immediately analyzed using ICP-OES. We found that the signal strength of the ICP-OES 
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varied strongly with solution ionic strength and composition (data not shown). To 

control for this effect, we centrifuged and filtered the extra Li- and Rb-free bacterial 

suspension that was not used in each Li+ and Rb+ adsorption experiment, and made Li or 

Rb calibration standards for ICP-OES analysis using the resulting supernatants. In this 

way, each experimental system had its own set of calibration standards made in a 

background matrix that was identical to that of the experimental samples. Analytical 

uncertainties associated with the ICP-OES analysis, as determined by repeat analyses of 

calibration standards, were less than ±3% in all cases. The amount of metal adsorbed in 

each experimental system was determined by subtracting the measured metal 

concentration remaining in solution from the initial known metal concentration in each 

experiment. 

2.2.3 Cd adsorption experiments 

Batch Cd metal adsorption experiments were performed between pH 2.0 and 5.5 ' 

in the presence of Li-, Na-, and KCIO4 electrolytes to determine if the type of 

monovalent cation in the buffering electrolyte affected Cd adsorption behavior. 

Experiments were initiated by suspending 20 g 1"' washed B. subtilis cells in a 0.1 M Li-, 

Na-, or KCIO4 solution containing 8.90 x 10"5 M Cd from a 1000 mg l"1 Cd stock 

solution. The Cd stock solution was prepared from a Cd(ClC»4)2 salt. The experimental 

pH adjustments, equilibration time, centrifugation, filtering, and acidification for each 

system was identical to the procedures used for Li+ and Rb+ batch adsorption 

experiments described previously. Concentrations of Cd remaining in the filtered 

supernatants were analyzed using ICP-OES. Cd standards were prepared gravimetrically 

from a 1000 mg l"1 Cd stock solution made from a Cd(N03>2 salt, diluted to desired 
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concentrations using the same perchlorate salt matrix as the experimental systems being 

analyzed. The Cd signal strength reported by the ICP-OES did not vary significantly 

with solution ionic strength, and uncertainties were within ±3% for these experiments. 

2.3 Results 

The measured extents of Li+ and Rb+ adsorption onto B. subtilis are shown as a 

function of ionic strength at various pH values in Figures 2.1 and 2.2, respectively. The 

addition of NaOH to achieve the pH 9 conditions, or HC1 to achieve pH 3 and 5, 

substantially increases the ionic strength of the background electrolyte in the 

experiments that had an initial ionic strength of 10"3 M. For this reason, each experiment 

is plotted using the actual ionic strength of the experiment, which is the sum of the ionic 

strength contribution from the NaC104 electrolyte and that from the acid or base 

additions. 

In both the Li+ and Rb+ experiments, no significant adsorption is observed at any 

ionic strength in experiments conducted at pH 3, whereas significant adsorption is 

observed in the pH 5, 7, and 9 experiments. The pH 5, 7, and 9 experimental results 

indicate that the extent of Li and Rb adsorption increases significantly with decreasing 

ionic strength of the experimental electrolyte. As a function of pH, the amount of metal 

adsorbed to the bacteria in the pH 5, 7, and 9 experiments does not change significantly 

at any ionic strength level. This suggests that at pH 5 and above, Li and Rb adsorption 

behavior is more dependent on ionic strength than pH under our experimental 

conditions. 

18 



20 

^ 15 i 

# 

XI 
1_ 
o 
w 
It! 

10 

o 
O 

• 

A 

O 

D 

pH 3 

pH 5 

pH 7 

pH 9 

pH 5 model 

pH 7 model 

pH 9 model 

-2.5 -2 -1.5 

Ionic Strength (log M) 
-0.5 

-2.5 -2 -1.5 
Ionic Strength (log M) 

-0.5 

Figure 2.1: (A) Lithium adsorption to B. subtilis as a function of ionic strength and pH. 
Initial experimental conditions were 20 g l"1 B. subtilis cells and 2.34 x 10"5 M Li. The 
pH 5 model curve represents the best-fit model that accounts for Li adsorption onto Site 
2 only. Curves for the pH 7 and pH 9 models show the extent of adsorption that would 
be predicted using the KNQ and Ku values determined from modeling the pH 5 data, and 
assuming no additional adsorption of Li onto Sites 3 or 4. (B) Best-fit model for Li 
adsorption to Site 2 of B. subtilis at pH 5 (solid curve). Dashed curves are models 
resulting from a ± 0.2 variation in the best-fitting log stability constant value of Ku-
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Figure 2.2: (A) Rubidium adsorption to B. subtilis as a function of ionic strength and pH. 
Initial experimental conditions were 20 g l"1 B. subtilis cells and 2.34 x 10"5 M Rb. The 
pH 5 model curve represents the best-fit model that accounts for Rb adsorption onto Site 
2 only. Curves for the pH 7 and pH 9 models show the extent of adsorption that would 
be predicted using the K.Na and K^ values determined from modeling the pH 5 data, and 
assuming no additional adsorption of Rb onto Sites 3 or 4. (B) Best-fit model for Rb 
adsorption to Site 2 of B. subtilis at pH 5 (solid curve). Dashed curves are models 
resulting from a ± 0.2 variation in the best-fitting log stability constant value of KRb. 
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Figure 2.3 shows the results of the experiments of Cd adsorption onto B. subtilis 

cells. Cd adsorption increases as a function of increasing pH from approximately 10% at 

pH 2 to nearly 80% at pH 5.5. The extent of adsorption does not vary significantly as a 

function of the type of monovalent salt used to buffer the ionic strength of the 

experimental system, suggesting that the three monovalent cations studied here compete 

with Cd for adsorption to bacterial surface functional groups to a similar degree. 

In general, the extent of adsorption of the monovalent cations studied here was 

much less than that observed for divalent cations under similar experimental conditions. 

In the experiments conducted at an ionic strength of 10"1 M, adsorption of Li and Rb was ' 

approximately 5% or less under the pH conditions studied; in experiments with an ionic 

strength of 10"25 M, the maximum extent of Li and Rb adsorption that was observed 

under any of the pH conditions was 10-15%. To compare, the Cd adsorption 

experiments reported here were conducted at an ionic strength of 0.1 M, using the same 

bacterial concentration as we used in the Li and Rb experiments. Although the Cd 

molality in these experiments is nearly four times that of Li or Rb in their adsorption 

experiments, approximately 75% of the Cd in solution adsorbed onto cell walls at pH 5 

(Figure 2.3 A), compared to less than 5% adsorption for the Li and Rb. 

2.4 Discussion 

2.4.1 Thermodynamic Modeling 

The objective of the thermodynamic modeling of the experimental data was to 

determine if a stability constant for the monovalent-bacterial surface complex could 

account for the adsorption behavior as a function of NaC104 content for each cation 

studied. We use a non-electrostatic surface complexation model to describe proton and 
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Figure 2.3: A) Cd adsorption to B. subtilis cells inNa-, K-, and Li-perchlorate 
electrolytes. Initial experimental conditions were 10 g l"1 B. subtilis cells and 
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metal adsorption onto the cell wall functional groups of B. subtilis. A system of mass 

action equations is used to calculate the distribution of protons and metal cations 

between the bacterial cell wall functional groups and the solution. In this approach, the 

proton-activity of the cell wall is ascribed to the deprotonation behavior of cell wall-

associated organic acid functional groups: 

R-Aj(H)0 <-+ ft + R-A,- (1) 

where Ai represents a distinct organic acid functional group type, and R represents the 

bacterial cell wall macromolecule to which the functional group A/ is attached. The 

mass action equation for the deprotonation reaction is: 

_[R-A:]aH. 
a [R-Ai(H)°V (2) 

where Ka is the equilibrium constant, or acidity constant, for Reaction (1), the brackets 

represent molar concentrations of the bacterial surface species, and aHt is the activity of 

aqueous protons in the bulk solution. We use a four-site ( 7 = 1 - 4) non-electrostatic 

model (NEM), with protonation constant (pKa) values of 3.3, 4.8, 6.8, and 9.1, to 

describe proton binding onto the cell wall (Fein et al. 2005). We refer to these sites as 

Sites 1 - 4, respectively. 

Bulk adsorption observations can not be used to distinguish between cation 

binding to specific bacterial surface sites and non-specific cation binding that results 

from electrostatic attraction by a surface electric field. Our objective is to model this 

interaction as binding to specific sites, and therefore as a competition reaction. 

Experimental measurements of the extent of adsorption as a function of pH in single-

metal systems can be used to constrain which sites are involved in the adsorption 

reactions and to determine the stability constants for the important bacterial surface 
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complexes (e.g., Fein et al. 1997; Cox et al. 1999; Haas et al. 2001; Ngwenya et al. 

2003). However, there are two competing types of monovalent cations present in each of 

our experimental systems: Li+ or Rb+ as the adsorbing metal of interest, and Na+ from 

the NaC104 ionic strength buffer. We explicitly account for competition by including 

metal binding reactions for both cations that are present in each system in our models 

according to: 

M* + R-Af <-> R-Aj(M)0, (3) 

Na+ + R-Af <-* R-Ai(Na)°, (4) 

where ht represents the monovalent metal of interest (Li+ or Rb4) in equation (3). The 

equilibrium constants (Keq) for complexation reactions (3) and (4) are defined by: 

[/?-A,(M)°] 
K" = [ R - A - ] a M , ' (5> ' 

[K-A,(Afa)°] 
K»° = lR-A:]aNy V 

respectively, where [R-Af] represents the concentration of deprotonated cell wall 

functional group A,-, [R-A£Mf] represents the concentration cell wall functional group 

A, that is complexed with metal M, and OM+ is the activity of the monovalent metal of 

interest in solution after equilibrium is attained. 

Equations (2), (5), and (6) can be used, together with pH measurements, 

measurements of the extent of Li or Rb and Na adsorption, and mass balance constraints 

on Na and Li or Rb, to determine the unknown values of KM and K^a. However, because 

the extent of Na that adsorbs in each experiment cannot be measured directly, it is not 

possible to solve for KN0 directly. We can use multiple measurements of Li or Rb 

adsorption, in experiments conducted with varying total Na concentrations, to constrain 
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the value of Km using an iterative approach to determine simultaneously the best-fitting 

stability constant values for Na and the adsorbing metal of interest. In this approach, we 

fix a value for Ksa, and use the data to solve for a value for KM- We systematically vary 

the fixed value for K^a over a wide range of possible values, determining the value that 

yields the best overall fit to the data. The fixed value of log KN0 was initially varied 

between 0 and 10, in increments of 1. For both the Li and Rb data, the model best fits 

the data when the log K^a value was fixed at 2. To more precisely determine the KN0 

value, the value of log K^a was then varied between 1.0 and 3.0 in increments of 0.1 to 

determine the overall best fit for each metal. 

We used the computer program FITEQL 2.0 (Westall 1982) to solve for the 

stability constants for the metal-bacterial surface complexes. This program accounts for 

the aqueous speciation of each metal, and all metal-surface complexes. Li, Rb, and Na 

are present almost exclusively as free monovalent cations in solution under our 

experimental conditions. We include aqueous cation hydrolysis reactions, using the 

constants reported by Baes and Mesmer (1976). The relative goodness of fit of each 

model is determined by comparing the overall variance parameter, V(Y), calculated by 

FITEQL. 

2.4.2 Modeling of monovalent cation adsorption to B. subtilis 

Little adsorption of Li or Rb was observed at pH 3, and significant adsorption 

was observed in the pH 5, 7, and 9 experiments. Thus, we conclude that Site 1 (with a 

pKa value of 3.3) on the bacterial surface does not significantly contribute to the overall 

adsorption of monovalent cations. Adsorption of both Li and Rb increases significantly 

from pH 3 to pH 5, and we ascribe this increase to Li and Rb binding directly onto Site 2 
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(the site with a pKa value of 4.8). Thus, we determine the binding constants for the 

bacterial surface complexes that are formed by the binding of the monovalent cations 

onto Site 2, using the pH 5 data only and assuming that the adsorption under these pH 

conditions involves binding onto Site 2 only. This approach is reasonable because at pH 

5 more than 98% of the Site 3 (with a pKa value of 6.8) functional groups are protonated 

and, therefore, are unlikely to contribute significantly to Li, Rb, or Na binding. 

The best-fitting models to the pH 5 data for Li+ and Rb+ adsorption are shown as 

solid curves in Figures 2.IB and 2.2B, respectively. We calculate a log Ku value of 2.0, 

and a log K^a value of 2.3 using the pH 5 Li+ adsorption data; and a log KM value of 1.9 

and a log KNQ value of 1.5 using the pH 5 Rb+ adsorption data. To constrain the error of 

the log KM and Log Ku values, we fixed the log K^a values in each model, and 

systematically varied the log KM and Log Ku values in increments of ±0.1 log units, 

calculating the extent of adsorption that would be predicted in each case. A variation of 

±0.2 log units in the Rb and Li log lvalues (plotted as dashed curves in Figures 2.2B 

and 2.IB, respectively) is sufficient to describe the variation in the data. 

In order to test whether the monovalent cations adsorb to Sites 3 or 4 under our 

experimental conditions, we used the calculated KNa, KL„ and KM stability constants for 

Site 2 to predict the extent of Li or Rb adsorption that would occur at pH 7 and 9, 

assuming that only cation-Site 2 binding occurs for each metal. The results of this 

calculation for pH 7 and 9 appear in Figures 2.1 A and 2.2A as grey and dashed curves, 

respectively. Li and Rb adsorption is predicted to increase somewhat from pH 5 to 7 and 

to remain essentially unchanged between pH 7 and 9 (Figures 2.1 A, 2.2A). The 

predicted increase from pH 5 to 7 arises due to the higher concentration of deprotonated 

Site 2 sites at pH 7 relative to pH 5. From pH 7 to 9, there is little change in the 
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concentration of deprotonated Site 2 sites, so the extent of cation binding onto Site 2 is 

predicted to remain constant for both Li and Rb. The predicted increase in the extent of 

Rb adsorption from pH 5 to 7 is larger than that predicted over the same pH interval for 

Li adsorption because KN0 in the Li model is larger than Ku, so as sites deprotonate 

going from pH 5 to 7, Na outcompetes Li for the available sites. The opposite trend 

occurs in the Rb model, where KNG is smaller than KM so Rb can better compete with Na 

than does Li under the same circumstances. The observed extents of Li and Rb 

adsorption agree within experimental uncertainty with the predicted adsorption 

behaviors for the pH 7 and 9 conditions, suggesting that there is no significant 

interaction between the monovalent cations and Sites 3 or 4. Therefore, the only stability 

constants that we can determine from our data are those for the monovalent cations 

bound to Site 2. 

The similarities in the log K values calculated for Li, Rb, and Na, and the 

relatively large uncertainties associated with them lead us to propose that reasonable 

estimates of the adsorption behavior of monovalent cations can be obtained by using a 

single averaged value for the stability constant for all monovalent cation-bacterial 

surface complexes. The average log AT value, and associated ±1CT uncertainty for 

monovalent metal adsorption onto Site 2 of B. subtilis is 1.9 ± 0.3. 

The Li- and Rb-Site 2 stability constants are small relative to those of divalent 

and trivalent metals, consistent with our observations of less extensive monovalent metal 

adsorption compared with that of higher charged cations. For example, using the same 

modeling approach applied here and the same reaction stoichiometrics, Gorman-Lewis et 

al. (2005) report a log stability constant value of 6.2 ± 0.3 for the binding of the uranyl 

cation (UC^24) to Site 2 of B. subtilis. Similarly, Borrok et al. (2007) calculate Site 2 log 
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stability constant values of 3.3 for Ni and 4.7 for Pb . Although these constants are 

large relative to those we calculate for monovalent cations in this study, monovalent 

cations are often present in natural systems and in laboratory experiments at 

concentrations that are orders of magnitude greater than those of the higher-charged 

cations of interest. Thus, monovalent cations may be able to compete effectively for 

adsorption onto bacterial surface functional groups in these experiments. 

2.4.3 Monovalent cation competition with Cd 

Most experiments that have measured metal adsorption onto bacteria have been 

conducted using a monovalent electrolyte that is present at concentrations up to several 

orders of magnitude greater than that of the adsorbing metal of interest. Under these 

conditions, monovalent cations can compete effectively for surface sites. If metal 

adsorption in these studies is modeled using a non-electrostatic approach and if the 

competition by monovalent cations is not accounted for in the thermodynamic 

calculations, then the calculated stability constants for the metal-bacterial surface 

complexes would need to be corrected. We determine the magnitude of this correction 

for Cd-bacterial surface complexes, using Cd-J5. subtilis adsorption data from pH-

dependent adsorption experiments reported in this study (Figure 2.3A) and from 

isotherm adsorption data reported in Mishra et al. (2008) as examples. The data of 

Mishra et al. (2008), shown in Figure 2.4, were selected because they are isotherm 

experiments conducted as a function of Cd concentration at pH 5.9, so all of the Cd 

adsorption in these experiments can be attributed to Cd-Site 2 binding. The experiments 

in Mishra et al. (2008) were conducted with 10 g l"1 bacteria suspended in a 0.1 M 

NaClC>4 electrolyte at a fixed pH of 5.9 ± 0.2. Initial Cd solution concentrations in the 
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Figure 2.4: Cd adsorption to 10 g l"1 B. subtilis cells in 0.1 M NaC104 electrolyte at pH 
5.9±0.2. Adsorption models with and without Na-Site 2 complexation included yield 
identical best fits (solid curve) to the data. Data are from Mishra et al. (2008). 
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experiments varied between 5 and 205 ppm. We use the same modeling approach 

employed by Mishra et al. (2008), but account for Na+ binding to Site 2 in order to 

determine the magnitude of change in the calculated Cd stability constant for this site. 

The models with and without Na+-Site 2 binding provide identical fits to the Cd 

adsorption data (Figure 2.4), but the stability constant calculated for the Cd-Site 2 

surface complex increases significantly when the Na+ competition reaction is considered. 

Without considering direct competition of Na+ with Cd2+, the calculated best-fitting log 

stability constant value for the Cd-Site 2 complex is 3.4. Including the Na-Site 2 

complexation reaction in the model yields an increased calculated best-fitting Cd-Site 2 

log stability constant value of 4.4. 

We model pH-dependent adsorption data between pH 2 and 5.5 (Figure 2.3A) 

using the same modeling approach. The calculated log stability constant value for the 

Cd-Site 2 complex is 3.8 without Na+ competition considered (dashed curve), and 4.4 

with Na+ competition at Site 2 (solid curve). Notably, the model that includes the Na+ 

competition reaction at Site 2 fits the data better than the model without this reaction. 

Additionally, the magnitude of the correction should be less for cations such as UC>2+2 

that display a higher affinity for the bacterial sites than does Cd+2. 

The inclusion of Na+ competition in the models significantly affects the 

calculated speciation of the cell wall functional groups. The differences in the speciation 

of Site 2 in models with and without the Na-Site 2 reaction are depicted in Figures 2.3B 

and 2.3C, respectively. In models that consider Na-Site 2 complexation, the Na-Site 2 

complex represents the dominant surface species with increasing pH as the protonated 

site deprotonates. In addition, the stability of the Na-Site 2 complex is such that 

deprotonation occurs at lower pH than would be predicted from the model that does not 

30 



consider Na-Site 2 complexation. Under the conditions of these calculations, when Na-

Site 2 complexation is included, the model predicts that half of the Site 2 sites are 

protonated at approximately pH 3.8, whereas in models that neglect the Na-Site 2 

complexation this point occurs at pH 4.8. This same shift in speciation of the protonated 

site would occur if we modeled the reactions using electrostatic surface models. The Na-

Site 2 complexes represent the equivalent of Na+ counter-ions that would be predicted to 

accumulate in the diffuse layer of electrostatic models, with the only difference being the 

location of the Na+ cations relative to the cell wall functional group sites. Therefore, the 

site-specific Na-binding and electrostatic modeling approaches can successfully account 

for both multivalent cation adsorption caused by changes in ionic strength as well as the 

speciation of the surface induced by shifts in ionic strength. 

2.5 Conclusions 

Our results demonstrate that monovalent cations adsorb to bacterial cell walls 

under some conditions, and that the adsorption can be modeled with site-specific 

adsorption reactions. With this approach, the ionic strength effect on metal adsorption 

onto bacteria can be modeled as a competition for available binding sites between the 

metal of interest and the monovalent cations of the background electrolyte. The stability 

constant values for Li-, Rb-, and Na-bacterial surface complexes are reasonably close to ' 

each other, and reasonable estimates of monovalent adsorption behavior can be achieved 

by assuming a universal stability constant for all monovalent-bacterial surface 

complexes. Although monovalent cations adsorb much more weakly than do divalent 

and trivalent cations, in systems where the concentration of monovalent cations is much -

higher than that of the higher-charged metals that are present, the monovalent cations 
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can effectively compete with other cations for available sites and diminish the extent of 

adsorption of those other cations. The approach of accounting for the ionic strength 

effect on adsorption by modeling it as competition for specific binding sites yields 

adsorption models that are easier to apply to complex geologic systems. 
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CHAPTER 3 

TESTING THE VALIDITY OF THE CHLOROFORM FUMIGATION-EXTRACTION 

METHOD FOR DETERMINING SOIL BIOMASS C IN SOILS 

3.1 Introduction 

Soils are complex and variable mixtures of inorganic and organic components 

and free and adsorbed water. The inorganic fraction typically consists of minerals such 

as silica, feldspars, clays, and micas; the organic portion includes humic substances and 

microorganisms. These components represent a mixture of polar and nonpolar 

adsorbents that can strongly affect the distribution, speciation, and bioavailability of 

metals and organic pollutants in soils (e.g., Steffan and Akgerman, 1998). In order to 

develop quantitative adsorption models of contaminant distributions in soil systems, the 

amount of each component must be precisely determined. 

Sequential extraction approaches (e.g., Tessier et al., 1979; Li et al., 1995) can be 

used to estimate the abundances of broad categories of minerals (carbonates, silicates, 

etc.) relative to organic components in soil. Furthermore, mineral identities and 

abundances in a soil sample can be reasonably estimated using x-ray diffractometry 

approaches (e.g., Brindley, 1984; Bish and Post, 1993). However, the approaches that 
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have been developed to estimate biological cell mass or numbers in soils lack the 

precision that is necessary for the estimates to be useful in quantitative geochemical 

speciation and transport models. Commonly used methods of biomass determination 

include direct counting of bacteria using an optical microscope, and the use of adsorbent 

fluorescent dyes for spectrophotometric measurement of cell numbers. Bacterial counts 

based on optical microscopy or spectroscopy typically yield estimates of cell numbers 

with uncertainties of an order of magnitude or more, and fluorescent dyes can illuminate 

particles that are not bacteria leading to falsely high counts (Faegri et al., 1977; 

Pogalazova et al., 1996). Lindahl and Bakken (1995) showed that physical dispersion 

methods to separate cells from soil, such as ultrasonication, blender, drill-gun, and 

shaking approaches, can damage cells. The percentage, viability, and purity of bacterial 

cells separated from soil also depend strongly on the dispersion technique and whether a 

surfactant is used in the separation procedure (Bakken, 1985). 

Jenkinson and Powlson (1976a, b) introduced a biocidal fumigation method to 

determine the cell biomass-C in soils. Their work demonstrates that chloroform (CHCI3) 

fumigation effectively lyses cells in 24 hours. In this procedure, after the fumigation 

period, the fumigated soil sample and an un-fumigated control soil are placed in an 

incubator. The C from organisms that were killed and lysed during the fumigation 

process is readily mineralized to CO2, so that the difference in CO2 gas evolution 

between fumigated and un-fumigated samples is a measure of the biomass-C (Smith et 

al., 1995). Vance et al. (1987) and Tate et al. (1988) introduced a similar method that 

involves a fumigation step, but in this procedure organic C is extracted from fumigated 

and un-fumigated samples using a 0.5 M K2SO4 solution instead of an incubation 

approach. The K2SO4 solutions are then analyzed for total organic carbon (TOC), and 
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biomass-C is calculated as the difference in TOC in the extracted solutions from the 

fumigated and the un-fumigated samples. The fumigation method is based on the 

assumption that the enhanced amount of organic C extracted from a sample relative to a 

control is due entirely from cell lysis caused by chloroform fumigation. Vance et al. 

(1987) found an empirical linear relationship between biomass-C and organic C released 

by fumigation-extraction. Clearly, if chloroform sorbs onto any of the soil components 

and is extracted using the K2SO4 solution, then the subsequent measurements of 

enhanced TOC would in part be caused by the presence of chloroform and not only by 

lysis of biological organisms. 

Although the fumigation method is commonly used, and is often considered the 

preferred method for biomass determination in soil (e.g., Franzluebbers, 1999), control 

experiments for the approach have never been performed, and so the accuracy of the 

procedure remains untested. Specifically, in applying the fumigation methods, one 

implicitly assumes that the introduced chloroform can be completely evacuated from the 

soil after the 24 h fumigation period. Because chloroform itself contains organic C and 

could add to the extractable C pool, this assumption must be tested with control 

experiments involving each of the major components of soils. Haney et al. (1999, 2001) 

questioned the acceptability of the fumigation-extraction method to determine biomass-

C by showing that the amount of C extracted using a 0.5 M K.2SO4 solution can vary 

significantly as a function of pH. 

Chloroform is volatile under the experimental conditions, and volatile organic 

carbon (VOC) vapors can sorb substantially to clays (e.g., Guo et al., 1998). Generally, -

montmorillonite, a 2:1 clay mineral, can sorb 200-300 mg VOC per g clay, and the 1:1 

kaolinite has a sorption capacity of lA to Vi of that (Thibaud-Erkey et al., 1995). There is 
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evidence that suggests that chloroform can sorb to soils both from aqueous solution 

(Dural and Peng, 1995) and from the atmosphere (Farrell and Reinhard, 1994; Thibaud-

Erkey et al., 1995; Yeo et al., 1997; Chen and Dural, 2002), and therefore may show up 

as biomass C upon extraction with K2SO4. 

In this paper, we test the validity of the fumigation-extraction method by 

performing fumigation control experiments with individual soil components, including 

humic acid, sand, clays, and bacteria. If the fumigation-extraction approach is valid, 

then we should observe no difference in TOC in the extracted solutions from the 

fumigated and un-fumigated samples, except for the bacterial samples, where cell lysis 

should enhance the extracted TOC in the fumigated samples. However, if chloroform 

sorbs onto any of the surfaces to a significant extent, then we would observe enhanced 

TOC in extracted solutions relative to the un-fumigated controls even though no biomass 

is present in those samples. Our control experiments will determine whether chloroform 

sorbs onto common soil components. If chloroform sorption does occur onto some soil 

components, then our experiments will constrain the types of soil for which the 

fumigation-extraction method can yield accurate biomass C analyses. 

3.2 Materials and Methods 

Two clays, a silica sand, a humic acid, and a pure strain of bacteria were used as 

control materials for testing the fumigation-extraction method. The average grain 

diameter, with la uncertainties, of the silica sand (Accusand 40/50) was determined 

using scanning electron microscopy, and was found to be 469±89 \xm (n = 84). Schroth 

et al. (1996) analyzed a suite of Accusand grades and found the average diameter of the 

40/50 grains to be 359±10 um (n = 4) using sieve analyses. The clays that were used in 

36 



this study included a kaolinite (KGa-lb) and a Na-rich montmorillonite (SWy-2), both of 

which were obtained from the Source Clays Repository and have been characterized 

extensively. Dogan et al. (2006) found the mean BET surface areas of KGa-lb and 

SWy-2 to be 13.1 m2 g'1 and 22.7 m2 g"1, respectively. Cerato and Lutenegger (2002) 

estimated specific surface areas of 15 m2 g"1 for KGa-lb and 637 m2 g"1 for SWy-2 

using the ethylene glycol monoethyl ether (EGME) method. Also available are chemical 

analyses (Mermut and Cano, 2001), infrared analyses (Madejova and Komadel, 2001) 

and powder x-ray diffraction analyses (Chipera and Bish, 2001) of both clays. We 

conducted fumigation tests using dried forms of both the kaolinite and montmorillonite 

samples, and we also conducted a test using a wetted montmorillonite powder in order to 

test whether wetness of the clay affects the results. In this case, the SWy-2 

montmorillonite sample was wetted by soaking the clay in excess water for 1 h in 250 

mL centrifuge tubes. After soaking, the tubes were centrifuged for 10 min at 7500 rpm 

three times and the water decanted each time. The amount of water retained by the clay 

after centrifugation was calculated by determining the weight difference between wet 

and dry SWy-2 samples, measuring the mass of the wet and dry clay samples before and 

after drying each in an oven at 105°C for 24 h. The dry SWy-2 sample contained 

5.0±0.2% water by weight and the wet SWy-2 sample contained 82.8±1.3% water by 

weight. The humic acid experiments used a commercial humic acid, which has been 

characterized by Malcolm and MacCarthy (1986), obtained from the Aldrich Chemical 

Company. The silica sand, humic acid, and clays were used in experiments without 

washing or other modification. Bacillus subtilis, a gram-positive soil bacterial species, 

was grown from pure culture slants. Cells from the slant were transferred to 3 mL of 

trypticase soy broth (TSB) with 0.5% yeast extract and allowed to grow for 24 hours at 
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32°C. These cells were transferred to 1 L of the same media and allowed to grow for 24 

hours at the same temperature. Cells were then harvested in early stationary phase by 

centrifugation and washed three times in test tubes in a 0.1 M NaC104 solution. 

The fumigation procedure that we used closely followed the methods of 

Jenkinson and Powlson (1976a, b) and Vance et al. (1987). Experiments were 

conducted as a function of the mass of a soil component, with six experiments at 

different masses performed for each component. We used 0-50 g kaolinite, 0-50 g dry 

montmorillonite, 0-80 g wet montmorillonite, 0-50 g silica sand, 0-200 mg humic acid, 

and 0-200 mg bacteria. For each soil component separately, a known mass of material 

was spread evenly into two glass Petri dishes: one dish was fumigated with chloroform 

gas for 24 hours, and the other was an un-fumigated control. The fumigation samples 

were placed in a glass dessicator lined with moist filter paper. A small beaker that 

contained approximately 25 mL of ethanol-free chloroform and a few boiling chips was 

placed in the center of the dessicator. Once sealed, the dessicator was evacuated for 2 

min, causing the chloroform to boil, thereby exposing the samples to chloroform vapor. 

After 24 hours in the dark, the beaker of chloroform was removed from the dessicator, 

and the dessicator was evacuated 8 times to remove chloroform vapor from the samples. 

Evacuations were performed by connecting the dessicator to a vacuum for 3 min, then 

sealing the dessicator from the vacuum, and finally slowly opening it to the atmosphere 

to refill with air. No noticeable chloroform odor existed after this procedure. We 

performed kinetics experiments, measuring the amount of organic C remaining on 

samples of dry S Wy-2 montmorillonite as a function of evacuation time. The samples 

exhibited extracted organic C concentrations that were independent of evacuation time, 

so all subsequent experiments were conducted with eight 3 min evacuations. 
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Organic C extractions of both fumigated and un-fumigated samples were 

performed using identical procedures. That is, each sample was transferred into a 500 

mL glass media bottle, and 200 mL of 0.5 M K2SO4 was added. The bottles were then 

placed on an oscillating shaker for 30 minutes to thoroughly mix the sample with the 

K2SO4 extractant solution. The supernatant was filtered using Whatman No. 42 filters, 

and collected for C analysis. We used an organic C analyzer (Shimadzu TOC-5000) to 

analyze for organic C in the extracts. Sets of six calibration standards for the TOC 

analyzer were made from a 1000 ppm organic C solution as potassium biphthalate 

(Ricca Chemical Company, Arlington, TX) in the same 0.5 M K2SO4 matrix as the 

samples. The organic C concentrations in each calibration set were designed to be 

appropriate for the expected C concentrations in the various samples. Samples and 

standards were acidified with 1.0 uL of 1.0 M trace grade HC1 per mL of solution to 

remove dissolved inorganic C. The TOC instrument analyzed the C concentration in 

each sample 3 times, with a resulting error of less than 5% for all analyzed solutions. 

Control blanks containing only 0.5 M K2SO4 and the HC1 acidification were included 

with every TOC set, and used to correct each dataset for any background C present in the 

reagents or from the instrument. 

A set of two-component experiments was conducted using a constant 50 g of 

silica sand and between 0 and 200 mg of bacteria. The fumigation and extraction 

procedures for these experiments were identical to those conducted for the single-

component experiments. 
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3.3 Results and Discussion 

The results of the bacteria experiment are depicted in Figure 3.1, which relates 

the biomass initially placed in the Petri dish to the concentration of organic C extracted 

in the K2SO4 solution. Data for the fumigated samples and for the un-fumigated controls . 

are both plotted, and the calculated difference (the concentration of TOC in the extract 

from the fumigated samples minus the concentration of TGC in the extract from the un-

fumigated controls) is also shown. The un-fumigated controls exhibit increasing 

extracted TOC with increasing initial biomass in the Petri dish, indicating that the 

extraction wash dissolves some of the organic C from un-treated bacteria, and that the 

concentration of organic C in the wash is controlled by the amount of biomass exposed 

to the wash solution. The fumigated bacterial samples exhibit enhanced TOC in the 

extraction solution relative to that measured in the extraction solutions for the un-

fumigated controls for all initial biomasses studied, and the enhancement increases with 

increasing initial biomass. The enhanced TOC in the fumigated samples indicates that 

the chloroform treatment exposes the extraction wash solution to higher levels of organic 

C than in the un-fumigated case, likely due to cell lysis from fumigation. For an ideal 

application of the fumigation-extraction approach, the un-fumigated control in a 

bacteria-bearing system would exhibit little or no extracted TOC in the K2SO4 wash 

solution. However, the difference in TOC concentrations between the fumigated samples 

and the un-fumigated controls also increases with increasing biomass, and this 

relationship strongly suggests that the fumigation procedure can be calibrated and used 

successfully in a bacteria-only system to relate extracted TOC to initial biomass in the 

sample. 

40 



e-J 

4J 20 
C 

> 
O 15 

_l 

QJ 10 
a 
u 

1 5 

0 1 

• Fumigated 
o Unfumigated 
• Difference 

^L 
• 
o 

• 
i 

• 
o 

• 

1 

• 

0 

• 

1 

50 100 150 

mg bacteria 
200 250 

Figure 3.1: Experimental results from the bacteria-only system, plotted in terms of the 
concentration of extracted TOC as a function of the initial mass of bacteria present in the 
sample. 
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For the non-bacterial soil components that we tested, the differences between the 

organic C concentrations that were extracted from the fumigated samples and the un-

fumigated controls should be zero for the fumigation-extraction procedure to be valid. 

That is, because those single-component systems do not contain any bacterial cells, the 

fumigation should not lyse any cells and therefore should not introduce additional 

organic C to the K2SO4 wash solution. The humic acid (Figure 3.2) and the silica sand 

(Figure 3.3) systems show this relationship. In the case of humic acid, we expect the 

TOC concentration in fumigated and un-fumigated extraction solutions to increase with 

the amount of humic acid because humic acid is largely composed of organic C. The 

amount of TOC in the fumigated and un-fumigated extraction solutions from 

experiments with the same initial mass of humic acid is essentially the same, and is close 

to being equal to the entire mass of humic acid in each experiment, suggesting that 

almost all of the humic acid dissolves into the K2SO4 wash solution in each extraction. 

The difference between the two concentrations is close to zero for all humic 

concentrations tested. This result suggests that the presence of humic acid in a soil does 

not affect the amount of C attributed to biomass using the fumigation-extraction method. 

The results from the silica sand-only systems (Figure 3.3) demonstrate that 

virtually no TOC is extracted from each sample, and that this result is independent of 

initial sand mass and is independent of whether the sample was exposed to chloroform. 

As is the case for the humic acid system, the difference between extractable TOC 

concentrations in the solutions from fumigated and un-fumigated samples is essentially 

zero and does not increase with increasing sand mass, indicating that the chloroform 

fumigation procedure does not add to the extractable C pool. The two-component 
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Figure 3.2: Fumigation results for humic acid-only samples, plotted in terms of the 
concentration of extracted TOC as a function of the initial mass of humic acid present in 
the sample. 
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Figure 3.3: Fumigation results for silica sand-only samples, plotted in terms of the 
concentration of extracted TOC as a function of the initial mass of sand present in the 
sample. 
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experiment that involved a constant 50 g of the silica sand and varying amounts of 

bacteria demonstrates that the method may be difficult to apply to a sand-rich soil or 

aquifer material (Figure 3.4). The results from the sand and bacteria system indicate that 

the presence of the silica sand reduces the efficiency of the fumigation-extraction 

procedure in extracting biomass C from the bacteria that are present in the sample. The 

silica sand does not sorb chloroform and its presence does not totally block cell lysis due 

to fumigation. However, for a given mass of bacteria, the concentrations of extracted C 

from both the fumigated and unfumigated samples are lower when the silica sand is 

present than it is for the corresponding bacteria-only experiments. The dependence of the 

extraction efficiency on silica sand content of the sample suggests that the fumigation 

extraction technique would need to be calibrated for a particular biomass:sand ratio, 

making it impractical for the determination of biomass in a sample where the ratio of 

biomass to mass of sand is unknown. However, Figure 3.3 also shows that the values of 

the difference between fumigated and unfumigated samples in the bacteria-only and in 

the bacteria and sand experiments are similar for a given biomass,. This result may 

indicate that the method could be used successfully for determining biomass C in a 

sandy soil, but more tests would be required to determine if the difference values are 

independent of silica sand content. 

The clays that we studied exhibit markedly different behavior than the other soil 

components. If chloroform does not sorb onto mineral surfaces, then the model clays, 

like the silica sand, would show little or no total organic C upon extraction, and no 

difference between fumigated samples and un-fumigated controls. Unlike the results for 

silica sand and humic acid, our experiments with wet and dry montmorillonite (Figures 

3.5 and 3.6) and kaolinite (Figure 3.7) strongly suggest that chloroform vapor sorbs 
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Figure 3.4: Results for fumigation experiments with a constant 50 g of silica sand and 
varying amounts of bacteria, plotted in terms of the concentration of extracted TOC as a 
function of the initial mass of bacteria present in the sample. 
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Figure 3.5: Fumigation results for montmorillonite-only samples (SWy-2), plotted in 
terms of the concentration of extracted TOC as a function of the initial mass of 
montmorillonite present in the sample. 
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Figure 3.6: Fumigation results for wet montmorillonite samples (SWy-2), plotted in 
terms of the concentration of extracted TOC as a function of the initial dry mass of 
montmorillonite present in the sample. 
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Figure 3.7: Fumigation results for kaolinite-only samples (KGa-lb), plotted in terms of 
the concentration of extracted TOC as a function of the initial mass of kaolinite present 
in the sample. 
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substantially to the clays during the 24 hours of fumigation. That is, the difference 

between the fumigated clay samples and the un-fumigated controls is not zero, but 

increases with the mass of clay that is fumigated. Different surface chemistries and a 

lower surface area for the silica sand relative to the clay samples likely explain why 

chloroform sorption onto silica sand was negligible in our experiments while we 

observed extensive chloroform sorption onto both types of clay. The wet 

montmorillonite experiments demonstrate that natural soil samples that contain hydrated 

clays also sorb chloroform during the fumigation-extraction method, adding to the 

organic C pool in the extraction solution. The wetted montmorillonite sorbs significantly 

less chloroform than the dry montmorillonite samples, but there is still a significant 

extent of chloroform sorption. The dry and wetted montmorillonite samples contain 5 

and 83% water by mass, respectively. Natural soil samples typically contain clays in this 

hydration range, so our results indicate that these clays sorb significant concentrations of 

chloroform and that the fumigation-extraction approach can not be accurately used to 

determine biomass for these types of samples. 

3.4 Conclusions 

The amount of chloroform sorbed in our experiments adds an average of 1540 ug • 

C per g montmorillonite and 350 \ig C per g kaolinite into the extraction solution. The 

fumigation-extraction method, applied to ten different naturally occurring soils by Vance 

et al. (1987), yielded between 60 and 1220 \ig biomass C per g soil. The concentration 

of sorbed chloroform in our clay experiments is comparable to this range, and our results . 

indicate that sorbed chloroform could contribute substantially to the C pools of these soil 

samples. In soil samples that contain significant quantities of clay mineral surfaces, 
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exposure of the sample to chloroform leads to chloroform sorption onto the clays. The 

subsequent K2SO4 wash desorbs the chloroform into the wash solution, and because 

chloroform contains organic C, its presence on the clays and in the wash solution 

contributes to the organic C concentration that is determined for the sample. Clearly, for 

soil samples with significant concentrations of clay minerals, the fumigation-extraction 

procedure yields results for biomass C that are artificially high due to the sorption 

artifacts. 

Our results show that chloroform fumigation-extraction is not valid for soils 

containing substantial amounts of clay. It may be possible to use the fumigation-

extraction method to find estimates of biomass C concentrations for materials that are 

poor in clay, such as a silica sand groundwater aquifer that also contains humic acid 

and/or bacteria. However, because most soils contain substantial clay mineral fractions, 

our results indicate that the fumigation-extraction method is not accurate for 

determination of the biomass C in soils. 
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CHAPTER 4 

CADMIUM ADSORPTION TO MIXTURES OF SOIL COMPONENTS: TESTING 

THE COMPONENT ADDITIVITY APPROACH 

4.1 Introduction 

The fate of heavy metals in soils and aquifers can be controlled by their 

adsorption to solid components (e.g., Meng and Letterman, 1996; Ledin et al., 1997, 

1999; Covelo, 2007; Lund et al., 2008), aqueous complexation with dissolved organic 

ligands (e.g., Liu and Gonzales, 1999; Buerge-Weirich et al., 2003), and the formation of 

ternary surface complexes (e.g., Zachara et al., 1994, AH and Dzombak, 1996; Fein, 

2002). Although metal adsorption in multi-sorbent systems has been studied (e.g., 

Krantz-Rulcker et al., 1996; Ledin et al., 1997,1999; Fingler et al., 2004, Covelo et al., 

2007), the application of a quantitative surface complexation model (SCM) approach to 

predict metal distribution among mixtures of geosorbents is complex and difficult (Davis 

et al., 1998). However, the SCM approach has distinct advantages to empirical models 

in that the models can be extrapolated to systems of different ionic strength, pH, and 

component composition (Bethke and Brady, 2000; Koretsky, 2000). 
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Two approaches can be used when applying SCMs to describe metal distribution 

in multi-sorbent systems: the component additivity (CA) approach and the general 

composite (GC) approach. The CA approach predicts the extent of adsorption in mixed 

systems based on the adsorption affinities of each solute-sorbent combination measured 

in isolated binary experiments, and the relative concentrations of sorption sites of each 

sorbent. Success of the CA approach requires that sorbents do not interact with each 

other, that all solutes in the system have access to all surfaces, and that the only surface 

complexes that form are those that form in single sorbent, single component systems as 

well. Previous applications of the CA approach have met with varying degrees of 

success. For example, Davis et al. (1998) attempted to use a SCM to predict Zn(II) 

adsorption onto a natural, well-characterized sedimentary mineral assemblage. The CA 

approach under-predicted Zn(II) uptake, likely due to difficulties in determining absolute 

site concentrations for each site type within the complex sediment studied. Davis et al. 

(1998) also applied the generalized composite (GC) approach, a semi-empirical method 

that assigns generic functional groups to the mineral mixture. The GC approach was 

more successful in modeling Zn adsorption behavior onto the sediment, but this 

approach is not predictive, and can only be applied to systems for which laboratory 

calibration exist. Kulczycki et al. (2005) found that the Pb and Cd adsorption onto two-

component systems comprised of ferrihydrite and either Bacillus subtilis or Escherichia 

coli bacterial cells was less than what would be expected by summing the metal 

adsorption to each component determined in one-component experiments. The authors 

speculated that adhesion between the ferrihydrite and the bacteria masked some of the 

surface sites on these sorbents, decreasing the adsorption capacity of the mixture. 

53 



Several authors have successfully applied SCM models to mixtures of minerals 

or bacteria, in some cases with dissolved organic ligands present in the systems. For 

example, Pagnanelli et al. (2006) measured the adsorption of protons and Pb to quartz, 

muscovite, clinochlore, goethite, and hematite, individually, using a non-electrostatic 

SCM. They found that a component additivity SCM, using the acidity and equilibrium 

constants determined for each pure mineral phase, could successfully predict Pb 

distribution in mixtures of these solids. Fowle and Fein (1999) demonstrated that the 

CA approach can be successful in predicting metal adsorption to mixtures of Bacillus 

licheniformis and Bacillus subtilis bacterial cells. Additionally, Yee and Fein (2003) 

showed that Cd, Co, Sr, and Zn adsorption onto complex mixtures of 10 species of 

Gram-negative and Gram-positive bacteria can be predicted with the CA approach. Lund 

et al. (2008) used a component additivity approach, with a diffuse layer model (DLM) to 

account for electric field effects, to predict the adsorption of Cu onto mixtures of 

hydrous ferric oxide (HFO) and kaolinite. The goodness-of-fits of the models to the 

experimental data were dependent on the model fits to the HFO and kaolinite 

individually. For mixtures of HFO and kaolinite, the authors postulated that interactions 

between these solids did not significantly impact Pb adsorption. 

Although some tests of the CA approach have been conducted, few have tested 

its ability to account for metal distributions in systems containing both bacteria and 

minerals. Applying the CA approach to mixtures of minerals and bacteria may be 

problematic because bacteria can adhere to mineral surfaces, blocking reactive sites on 

the bacteria and the mineral (Lower et al., 2001; Ams et al., 2004). In this study, we test 

the ability of the CA approach to predict metal adsorption behavior in systems that 

contain mixtures of common soil components: kaolinite, hydrous ferric oxide (HFO), 
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Bacillus subtilis bacterial cells, and acetate as a representative simple dissolved organic 

acid. We use literature values to describe the proton reactivity and site concentrations 

for each sorbent, and we calibrate the model by measuring Cd adsorption onto each 

sorbent separately, using the results to calculate stability constants for the Cd-surface 

complexes. Our objective in this study is not to determine stability constants that can 

describe Cd adsorption over a wide range of Cd and sorbent concentrations. Rather, the 

emphasis is on testing if the CA approach can account for sorbent competition for Cd at 

a few specific experimental conditions. For this reason, we use the Cd-sorbent stability 

constants that we calculate for a given Cd: sorbent concentration ratio in single-sorbent 

systems in order to construct CA models that predict the distribution of Cd in multi-

sorbent systems that have the same Cd:total sorbent concentration ratio. We vary the 

ratios of the sorbents, keeping the total sorbent concentrations constant, and we test 

systems that both include and exclude the effects of acetate complexation. We compare 

the CA predictions to the observed extents of adsorption for these systems to test the 

validity of the CA approach and to determine its strengths and limitations. 

4.2 Methods 

4.2.1 Preparation of bacterial cells 

Bacillus subtilis, a Gram-positive soil bacterium, was selected as the biosorbent. 

The cell wall of this species is well-characterized (e.g., Beveridge, 1989) and the acidity 

constants and site concentrations of surface functional groups are well-constrained (Fein . 

et al., 1997; 2005). The bacteria were grown and harvested in a manner similar to that 

described by Borrok et al. (2004). The bacteria were initially grown on agar slants made 

of 0.5% yeast extract and trypticase soy agar. Cells from the slant were transferred to a 
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3 ml test tube containing trypticase soy broth (TSB) and 0.5% yeast extract, and allowed 

to grow for 24 hours at 32°C. After the growth period, bacteria were transferred to 11 

solutions of the same composition, and allowed to grow for another 24 hours at 32°C. 

Bacteria were harvested in the stationary phase by centrifuging the broth at 9,000 g for 

10 minutes to pellet the bacteria. After decanting the broth, the bacteria were washed 

four times in a 0.1 M NaClC«4 solutions. Between each wash, the bacteria were 

centrifuged at 8,100 g for 5 minutes to pellet the bacteria, the supernatant was decanted, 

and the cells were suspended in a fresh 0.1 M NaC104 electrolyte. After the washing 

cycles, the bacteria were transferred to a weighed centrifuge tube after the final wash, 

and centrifuged one time for 4 min and two times for 30 min at 8100 g, decanting the 

remaining supernatant each time. The resulting wet weight of the B. subtilis bacterial 

pellet is approximately 5 times the dry weight (Borrok et al., 2004). The method of 

preparation described here removes excess growth media and adsorbed cations from the 

bacterial surface, and renders the bacteria alive, but metabolically inactive (Wightman 

and Fein, 2005). 

4.2.2 Preparation of mineral powders 

High-defect kaolinite, KGa-2, from the Source Clay Repository, was used as the 

clay sorbent in our systems. Following a procedure similar to that used by Schroth and 

Sposito (1997), the kaolinite was washed repeatedly in a 1 M NaC104 solution that was 

previously adjusted to pH 3.0 with concentrated HC1. After each wash, the supernatant 

pH was measured, the clay suspension was centrifuged at 8100 g for 5 minutes to pellet 

the clay, and the supernatant was discarded. This process was repeated until the 

supernatant pH stabilized at 3.0. The clay was then washed in non-acidified solutions of 
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NaCKX gradually decreasing in ionic strength from 1 M to 0.1 M. Three final washes 

in 0.1 M NaClC>4, the electrolyte and ionic strength of the adsorption experiments, were 

conducted, and the pH stabilized at 4.5. The clay was then dried at 25°C, ground to a 

fine powder, and stored in a sealed centrifuge tube. 

HFO was produced by titrating a 1.01 solution of 0.05 M Fe(N03)3»9H20 with 

small volumes of concentrated NaOH to increase the solution pH to 6.0. The solution was 

stirred for 24 h to allow the HFO to precipitate fully, after which the solution was decanted 

and the HFO powder was washed three times with 18 MQ ultrapure water. The powder 

was dried and stored in a sealed polycarbonate test tube. 

4.2.3 Cd adsorption experiments 

Batch Cd adsorption experiments were performed at initial Cd concentrations of 

8.9 x 10"5 M and 8.9 x 10"6 M, referred to hereafter as ' 10 ppm' and ' 1 ppm' 

experiments for simplicity. To determine the stability constants for each important Cd-

surface complex, we measured the adsorption of Cd onto each sorbent separately as a 

function of pH. 1 g l"1 of kaolinite, B. subtilis, or HFO was suspended in a 0.1 M NaC104 

solution. A small volume of a 1000 mg l'1 Cd stock solution was added to each bacterial 

suspension, with the amount determined gravimetrically, to achieve the desired Cd 

concentration. The Cd stock solution was prepared from a Cd(C104)2 salt. While 

stirring, the bulk suspension then was divided into 8 ml aliquots in polycarbonate test 

tubes, and small volumes of concentrated HNO3 or NaOH were used to adjust the pH of 

each experiment so that a set covered a pH range between approximately 2 and 8. This 

pH range was selected to avoid the precipitation of Cd-hydroxides that occurs at the 

experimental Cd concentrations under higher pH conditions. The test tubes were then 

placed on a rotary shaker for 2 h, after which the final pH of each solution was 
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measured. The experimental systems were then centrifuged at 8,100 g for 10 min to 

pellet the solid sorbent, and the supernatant was decanted and filtered through 0.45 um 

Nylon membranes. The resulting filtered supernatants were acidified with 15 yd of 15.8 

N HN03. 

All filtered experimental supernatants were analyzed for Cd concentrations on 

the same day that they were collected, using inductively coupled plasma - optical 

emission spectroscopy (ICP-OES). The amount of Cd adsorbed in each experimental 

system was determined by difference between the initial known Cd concentration in 

each experiment and the measured Cd concentration remaining in solution after 

equilibration with each sorbent. Aqueous Cd standards for ICP-OES calibration were 

prepared gravimetrically from a 1000 mg l"1 Cd stock solution made from a Cd(NOa)2 

salt, diluted to desired concentrations using the same 0.1 M NaClCU matrix as was used 

in the experimental systems. The Cd signal strength reported by the ICP-OES did not 

vary significantly with solution ionic strength, and analytical uncertainty as determined 

by repeat analysis of standards was ±3%. 

Parent suspensions, consisting of 1 g l"1 of each sorbent in 0.1 M NaC104, were 

mixed to generate systems containing two or three sorbents. In this way, the total 

sorbent concentration in one, two, and three component systems was a constant 1 g l"1, 

while the ratio of one sorbent to another could be varied. After mixing, a small aliquot 

of the Cd stock solution described above was added to the mixture. The solutions were 

divided into polycarbonate test tubes and the pH adjusted with small volumes of 

concentrated NaOH or HNO3. The test tubes were then placed on a rotary shaker for 2 

h, after which the equilibrium pH was measured. Centrifugation, filtration, and 
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acidification sampling procedures were the same as those described above for the one-

component systems. 

In the experiments that involved acetate, 1 g l'1 of sorbent was initially suspended 

in a 0.1 M NaC104 solution that contained 0.3 M acetate as sodium acetate. The 

suspension was then spiked with Cd to the desired concentration, and the experiments 

were conducted using the same procedure as is described above. Experiments in the 

presence of dissolved acetate were conducted with one-sorbent kaolinite, B. subtilis, or 

HFO systems, and in the presence of all three sorbents simultaneously. 

4.3 Results and Discussion 

4.3.1 Cd adsorption onto individual sorbents 

The extents of Cd adsorption onto 1 g T1 HFO, 1 g l'1 Bacillus subtilis cells, and 

1 g l"1 kaolinite are depicted as a function of pH for the 10 ppm (Figure 4.1 A) and 1 ppm 

Cd (Figure 4. IB) experiments. For each of the sorbents, Cd adsorption generally 

increases with increasing pH from 2 to 8. At both Cd concentrations, HFO adsorbs less 

than 20% of the total Cd in the systems below pH 5, and the extent of adsorption 

increases most significantly between pH 6 and 7 to nearly 100% in the 1 ppm Cd 

experiments and to nearly 80% in the 10 ppm Cd experiments. Bacillus subtilis cells 

exhibit a more shallow pH adsorption edge than does the HFO. The cells adsorb Cd to a 

similar extent to that of HFO below pH 6, but at higher pH, the extent of adsorption does -

not increase as much for the bacterial systems as it does for HFO, with the maximum 

extent of adsorption being 75% at pH 7.9 for the 1 ppm Cd experiments, and 40% at pH 

7.7 for the 10 ppm Cd experiments. The kaolinite clay adsorbs Cd more weakly on a per 
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adsorption data. 
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gram basis than the HFO or the B. subtilis cells, never exceeding 20% of the total Cd 

concentration in the experiments. 

4.3.2 Modeling approach 

We employ a non-electrostatic model (NEM) surface complexation approach to 

model the Cd adsorption behavior to Bacillus subtilis cells and to kaolinite, and we use a 

diffuse double layer model (DLM) to describe Cd adsorption to the HFO surface. Fein 

et al. (2005) performed potentiometric titrations of Bacillus subtilis cells and 

demonstrated that both electrostatic and non-electrostatic models can fit potentiometric 

titration data for bacteria equally well, but that surface electric field effects are small for 

bacteria. For our modeling, we employ the Fein et al. (2005) four-site NEM to describe 

the surface protonation and site concentrations on the bacterial cell wall. The NEM 

approach may be preferable for complex geologic applications because it requires fewer 

fitting parameters than do electrostatic models of surface electric field effects. Schroth 

and Sposito (1997,1998) conducted potentiometric titrations and metal adsorption 

experiments on the KGa-2 kaolinite clay used here, and employed two amphoteric, 

proton-active surface sites and a permanent, pH independent structural charge site to 

describe protonation and metal adsorption onto the clay surface. The permanent 

structural charge sites account for the adsorption effects of isomorphic substitutions in 

the mineral lattice; the amphoteric sites likely represent surface silica and alumina 

functional groups. The surface reactivity of HFO is described by the DLM of Dzombak 

and Morel (1990) that employs strong and weak amphoteric surface sites to explain 

surface protonation and metal adsorption at =FeOH sites. The protonation and 

cadmium adsorption reactions, and related stability constants for each sorbent are listed 

in Table 4.1. 
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TABLE 4.1 

PROTON AND CD REACTIONS AT BACILLUSSUBTILIS CELL WALLS, 
KAOLINITE, AND HFO 

Bacillus subtilis bacterial cells1 

Reaction 
R-A,(H)° «-• If + R-Af 
R-A2(H)° «-* Lf + R-Af 

R-A3(H)° 
R-A4(H)° 

Ccf+ + 
Cc?+ + 
Cd2* + 

<->#" + R-Ai 
^ Lf + R-A4-

R-Ai 
R-Ai 
R-A4' 

Kaolintie KGa-2 
Reaction 
XOH + It •-> 
XOH <-+ XO 
YQ-

<-+ R-A2(Cd)+ 

<-+ R-A3(Cdf 
~ R-A4(Cd)+ 

XOH2
+ 

+ If 

XOH + C(f+ <r+ XO-Cct + If 
YO+Cd2**-* YO-Cct 

HFO 
Reaction 

=FesOH° +If <-• =FeOHf 

=FesOH° <-• =FeG + if 

=FewOH° +Lf <-> =FeOHf 

=FewOH° ^ =FeO~ + if 

[Site]" 
75 
96 

31 
75 

log Kcd, 1 ppm 
3.4 
4.7 
4.8 

[Site]3 

35.9 

13.6 

log Kcd, 1 ppm 
-2.8 
3.9 

[Site]3 

56 

2247 

pKa° 
3.3 
4.7 

6.8 
8.9 

log Kcd, 10 ppm 
3.3 
4.3 
4.9 

log/^ 
3.5 
-7.2 

log Kcd, 10 ppm 
-2.4 
3.9 

\ogKf 
7.29 

-8.93 

7.29 

-8.93 

=FesOH° + Cd2+ ~ =FeO-Cct + if 

=FewOH° + Ccf+ <- =FeO-CcT + Lf 

l og Kcd, 1 ppm log Kcd, 10 ppm 

0.4 -0.3 

N/A -3.6 

a. concentration of sites, in umolg"1 

b. values from Fein et al. (2005) 

c. values from Schroth and Sposito (1998) 

d. values from Dzombak and Morel (1990) 

e. log KCd values for each sorbent are calculated from best-fit models to one-component Cd 
adsorption data collected in this study 
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4.3,2.1 Calculation of Cd-Bacillus subtilis stability constants 

The basis of the Cd adsorption model is the non-electrostatic protonation model 

of Fein et al. (2005). In this model, deprotonation of cell wall organic acid functional 

groups is described by the generic reaction: 

R-Ai(H)° «-• It + R-A; (1) 

where At represents one of the four organic acid functional group types needed to 

account for the protonation behavior of the cell wall (/ = 1 - 4), and R represents the cell 

wall macromolecule to which the functional group At is attached. The mass action 

equation for the deprotonation reaction is: 

• [R-AJ]aH. 
a [R-A^HfV (2) 

where Ka is the acidity constant for Reaction (1), the brackets represent molar 

concentrations of the bacterial surface species, and aH, is the activity of aqueous 

protons in the bulk solution. The four protonation constant (pKa) values used to describe 

proton binding onto the cell wall in the Fein et al. (2005) model are 3.3, 4.7, 6.8, and 8.9. 

We describe Cd adsorption onto deprotonated functional groups on the bacterial 

surface according to: 

CcF* + R-A; <-* R-Ai(Cd)\ (3) 

The equilibrium constant (Kj.cd) for complexation reaction (3) involving Site / is defined 

by: 
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where [R-A,~] represents the concentration of deprotonated cell wall functional group A,, 

[R-Ai(Cdf] represents the concentration of cell wall functional group A; that is 

complexed with Cd2+, and acd2t is the activity of Cd2+ in solution after equilibrium is 

attained. 

The objective of the Cd-bacteria experiments is to constrain values of Kt.cd that 

can be used to model Cd-bacterial adsorption in the more complex systems. In systems 

with low metal:sorbent concentration ratios, Cd binding onto only one cell wall 

functional group is required to describe Cd adsorption (e.g., Fein et al., 1997, Yee and 

Fein, 2001, Fein et al., 2001). However, systems having higher metahsorbent ratios may 

involve more than one Cd-binding site to obtain the best-fit (Yee and Fein, 2001; Borrok 

and Fein, 2004). 

We use the computer program FITEQL 2.0 (Westall 1982) to solve for the 

stability constants for all metal-sorbent surface complexes. This program accounts for 

the aqueous speciation of Cd, and all Cd-surface complexes. We include aqueous cation 

hydrolysis reactions, using the constants reported by Baes and Mesmer (1976). We test 

a range of models that invoke Cd binding onto between one and four bacterial sites. The 

relative goodness of fit of each model is determined by comparing the overall variance 

parameter, V(Y), calculated by FITEQL. In both the 10 and 1 ppm bacteria-only 

systems (Figure 4.1), a model involving Cd adsorption onto bacterial Sites 2, 3, and 4 

yields the lowest V(Y) value. For the 10 ppm Cd experiments (Figure 4.1 A), the 

calculated stability constants log Ki-cd, log ATj-cd and log K4.cd are 3.3,4.3, and 4.9, 

respectively. The log stability constant values calculated using the 1 ppm Cd 

experimental data (Figure 4.IB) are similar: 3.4,4.7, and 4.8. Borrok et al. (2004) 

invoked Sites 2 and 3 to describe the adsorption of 10 ppm Cd onto 1 g l"1 of B. subtilis, 

64 



yielding similar calculated values for log K.2-cd and log Ksjca of 3.4 and 4.6, respectively, 

despite the different Cd: bacterial site ratio of their experiment. We use the equilibrium * 

constants calculated from our data to describe Cd adsorption to B. subtilis in systems 

containing two- and three-sorbent mixtures. 

4.3.2.2 Kaolinite proton and metal adsorption model 

Schroth and Sposito (1997; 1998) described the surface charge properties of 

KGa-2, and developed a NEM to describe proton and metal adsorption to the surface of 

the kaolinite. This model accounts for proton activity with a single amphoteric surface 

site, XOH, according to the reactions: 

XOH + H* <->• XOH2
+ (5) 

XOH *-» XG + tf. (6) 

The log equilibrium constant values for reactions 5 and 6 are 3.5 and -7.2, respectively 

(Schroth and Sposito, 1998). In this approach, Cd adsorption is described by 

complexation both with the amphoteric site and an additional permanent negatively 

charged surface site, YO', according to: 

XOH + Ccf+ ~ XO-Cdt + rf (7) 

YO+Cd2* ~ YO-Cct. (8) 

We use values for the equilibrium constants for reactions (5) and (6) and for site 

concentrations from Schroth and Sposito (1998), and we use the measured Cd adsorption 

behavior of kaolinite as a function of pH to solve for the equilibrium constants for 

reactions (7) and (8). We calculate log Kj and log K& values of-2.8 and 3.9 from the 10 

ppmCd adsorption data, and -2.4 and 3.9 from the 1 ppm Cd experimental data, 

respectively. The best-fit model for the 10 ppm data is depicted in Figure 4.1 A, and that 
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for the 1 ppm data in Figure 4.IB. Our 10 ppm data sets can be adequately described by 

Cd adsorption at the XOH site only (Equation 7), where a low percentage of free Cd is 

adsorbed below pH 5. However, it is necessary to invoke the YO~ site to describe the 

significant adsorption observed below pH 5 in 1 ppm experiments. The best-fit, as 

quantified by the V(Y) parameter, is achieved when both XOH and YO ~ sites are 

invoked for both the 10 ppm and 1 ppm data sets, so both models utilize these two sites. 

Schroth and Sposito (1998) calculated log K? and log Kg values of-1.45 and 3.65, 

respectively. Our equilibrium constant values, particularly that of Kj, are significantly 

different. Were we to use the log A> value given by Schroth and Sposito (1998) to 

model our 10 ppm and 1 ppm data, the models would predict significantly more Cd 

adsorption than we observe below pH 5, where the structural YO ~ site dominates 

adsorption. For example, in the 10 ppm experiments we never observe more than 15% 

of the Cd adsorbed to the kaolinite surface at any pH. Using the Schroth and Sposito 

(1998) constants to model our data yields predictions of more than 30% adsorption 

between pH 5 and 7. Schroth and Sposito (1998) conducted their experiments with 10 g 

l"1 kaolinite and 8.9 x 10"7 M Cd (0.1 ppm), and observed a range of 30% to 90% Cd 

removal from solution across the pH range 2 to 8. Our systems contain 10 or 100 times 

the initial Cd concentration, and only 1 g l'1 kaolinite. Because their data describe a 

greater range of adsorption behavior, the equilibrium constants calculated by Schroth 

and Sposito (1998) are likely applicable to a wider range of conditions than ours. 

Differences in the calculated log Kj value could be attributed to differences in 

equilibration time between our study and that of Schroth and Sposito (1998), or the large 

difference in Cd:kaolinite ratios. However, because the other adsorption measurements 

in our study are conducted under the same conditions as these, and the constants are 

66 



reasonably similar, we use our Cd-kaolinite stability constants calculated from 1 ppm 

and 10 ppm adsorption data (Table 4.1) in the multi-sorbent predictive models of the 

same Cd concentrations. 

4.3.2.3 HFO proton and metal adsorption model 

Dzombak and Morel (1990) described the reactive sites on the surface of HFO 

using two types of amphoteric sites with the same acidity constants, but with different 

site concentrations. The strong site, =FesOH, represents a subset of low concentration 

sites with a high affinity to adsorb metal cations. The weak site, =FewOH, is a high 

concentration site with lower cation affinity, useful for describing cation adsorption 

behavior in systems with higher sorbent-sorbate ratios. Both sites react with protons 

according to: 

=FeOH° + ff •<-+ =FeOH2
+ (9) 

=FeOH° <-+ =FeO' + rf. (10) 

AzipF) 
The mass action equations in the DLM include the Boltzmann factor, exp -• 

RTK , 
,to 

account for the electrostatic effects on surface free energies (Bethke, 2007), where Az is 

the change in surface charge due to cation adsorption, W is the surface potential, F is 

Faraday's constant, R is the ideal gas constant, and TK is the temperature, in Kelvin. 

Incorporating this factor into the mass law equations for the reactions in (9) and (10) 

yields: 

11 [=FeOH°]aH. U 1 ) 

67 



/ q i F 
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[- FeOT] aH+ RTK ) _ L~ * * ~ . J " „ 

[-FeOff0] ( 12 ) 

Log Â/y and log Ku values are given as 7.29 and -8.93, respectively (Dzombak and 

Morel, 1990). Adsorption of aqueous Cd2+ onto both the strong and weak HFO surface 

sites can be represented as: 

^FeOff+C^ ^ =FeO-Cct + ft, (13) 

and the equilibrium constant, KnFO-cd, is described by: 

X-HFO-O, -\=FeO-Cd*\aH,- ( 1 4 ) 

At low sorbate:sorbent concentrations, where there are abundant surface sites 

available, metal adsorption can be described by adsorption to the strong site, =FesOH, 

only. By modeling 24 sets of pH-dependent Cd adsorption data, Dzombak and Morel 

(1990) calculated an average stability constant, log KnFO-cd, of 0.47 for the strong site. 

Using one set of pH dependent adsorption data in which the sorbate:sorbent ratio is high, 

they calculated a log KHFO-CH value of -2.90 for the weak site. In this same data set, 

Dzombak and Morel (1990) calculated the log KnFO-cd of the strong adsorption site to be 

-0.51, significantly below the value of 0.5 calculated from the low sorbate:sorbent ratio 

data. Our 10 ppm Cd experiments have a high sorbate:sorbent ratio, and it is necessary 

to invoke binding onto both the strong and the weak sites to fit our data. For these data, 

we calculate values for the strong and weak sites to be -0.3 and -3.6, respectively. To 

describe adsorption of 1 ppm Cd to 1 g l"1 HFO, a lower sorbate:sorbent ratio, it is only 

necessary to invoke the strong site, consistent with similar datasets in Dzombak and 
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Morel (1990). The log Kmo-cd value that we calculate for the strong site from the 1 ppm 

Cd data is 0.4. The best-fit to the 10 ppm Cd experiments closely match the observed , 

adsorption behavior (Figure 4.1 A). However, the best-fit model of the 1 ppm Cd data 

exhibits a steeper adsorption edge than is observed in the experimental data, so that the 

model fails to account for significant adsorption observed below pH 5.5. Several best-fit • 

models to sets of Cd adsorption data in Dzombak and Morel (1990) exhibit a similar 

trend. To account for Cd adsorption at lower pH, a model would need to incorporate a 

site that deprotonates at lower pH. 

4.3.3 Cd adsorption to two-component mixtures 

Figures 4.2,4.3, and 4.4 compare the measured extents of Cd adsorption onto 2-

component sorbent mixtures to the CA model predictions of the Cd adsorption 

behaviors. The graphs also depict the same model fits to the 1 component end-member 

systems that are shown in Figure 1 for reference. Models of the two-sorbent mixtures 

use the acidity and equilibrium constants calculated in the SCMs described in Section 

4.3.2 and compiled in Table 4.1 to independently predict the extent of Cd adsorption in 

each two-sorbent system. Molal ratios of site concentrations for each mixture are listed 

in Table 4.2. 

The Cd adsorption behaviors for mixtures of HFO and B. subtilis cells are 

depicted in Figure 4.2. Experiments containing 75% HFO and 25% B. subtilis (by mass) 

exhibit Cd adsorption behavior similar to that of the corresponding 100% HFO systems. 

In this system, B. subtilis cells contribute 54% of the potential Cd adsorption sites on a 

molal basis, and HFO the remaining 46%. Clearly, Cd preferably binds to the HFO 

surface relative to the sites on the B. subtilis cell walls. Mixtures of 25% HFO and 75% 
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TABLE 4.2 

MOLAL SITE CONCENTRATIONS OF SORBENTS IN TWO- AND THREE-
COMPONENT MIXTURES 

Mixture8 

75% HFO + 25% B. subtilis 
25% HFO + 75% B. subtilis 
75% HFO + 25% kaolinite 
25% HFO + 75% kaolinite 
75% B. subtilis + 25% kaolinite 
25% B. subtilis + 75% kaolinite 
80% HFO + 10% B. subtilis +10% kaolinite 
10% HFO + 80% B. subtilis + 10% kaolinite 
10% HFO + 10% B. subtilis + 80% kaolinite 
33% HFO + 33% B. subtilis + 33% kaolinite 

»FOb 

42.2 
14.0 
42.2 
14.0 

45.0 
5.6 
5.6 
18.7 

B. subtilis* 

50.5 
151.5 

151.5 
50.5 
161.6 
20.2 
20.2 
67.3 

Kaolinite" 

12.4 
37.1 
12.4 
37.1 
5.0 
5.0 

39.6 
16.5 

a. All mixtures add to 1 g l"1 sorbent. 

b. Site concentrations given in fimol g'1. 
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Figure 4.2: Adsorption of (A) 8.9 x 10'5 M Cd(II) and (B) 8.9 x 10"6 M Cd(II) to 
mixtures of HFO and B. subtilis cells. Dashed lines represent best-fit models to 1 g l"1 

HFO and B. subtilis end members from Figure 1. Darkened symbols and lines represent 
adsorption data and predicted adsorption behavior for two-sorbent mixtures, including 
0.75 g 1_1 HFO + 0.25 g 1"' B. subtilis cells (A, thin line), and 0.25 g f1 HFO + 0.75 g l"1 

B. subtilis cells ( • , thick line). 

71 



B. subtilis adsorb significantly less Cd than the 100% HFO experiments, but more than 

was observed in systems containing 100% B. subtilis cells. HFO has significantly lower 

site concentrations compared to B. subtilis, contributing less than 46% of the surface 

sites when it is 75% of the mass of the mixture, and approximately 8% of the sites when " 

it is 25% of the mixture by mass. The predictive models (solid lines) describe the 10 

ppm data reasonably well, but exhibit similar misfits to the 1 ppm data to those observed 

between the model and the 100% HFO data. Lund et al. (2008) observed that 

discrepancies in fitting metal adsorption to the pure phases caused discrepancies in the 

predicted fits of multi-component systems using the CA approach, and we observe the 

same phenomenon. Thus, the difference between the model predictions and 

experimental data in the two-component 1 ppm experiments is likely caused by the 

relatively poor fit of the one-component 1 ppm Cd + HFO model. 

Figure 4.3 illustrates Cd adsorption behavior onto mixtures of B. subtilis and 

kaolinite. These data show Cd adsorption decreasing systematically with increasing 

kaolinite in the mixture; 100% B. subtilis adsorbs the greatest portion of free Cd, 

followed by the 75% B. subtilis + 25% kaolinite mixture, the 25% B. subtilis + 75% 

kaolinite mixture, and the 100% kaolinite adsorption experiments. In experiments 

containing 75% B. subtilis and 25% kaolinite by mass, the bacteria represent more than 

92% of the surface sites on a molal basis, and in mixtures of 25% B. subtilis and 75% 

kaolinite by mass, B. subtilis contributes nearly 58% of the reactive sites. However, the 

majority of Cd adsorption below pH 4 is predicted to occur onto the permanent structural 

site, YO ~, of kaolinite. In both the 10 ppm and 1 ppm Cd experiments, the predictive 

models provide excellent fits to the measured extents of adsorption in the B. subtilis-

kaolinite systems. 
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Figure 4.3: Adsorption of (A) 8.9 x 10"5 M Cd(II) and (B) 8.9 x 10"6 M Cd(II) to 
mixtures of kaolinite and B. subtilis cells. Dashed lines represent best-fit models to 1 g 1 
1 kaolinite and B. subtilis end members from Figure 1. Darkened symbols and lines 
represent adsorption data and predicted adsorption for two-sorbent mixtures, including 
0.75 g l"1 B. subtilis cells + 0.25 g l"1 kaolinite (A, thin line), and 0.25 g 1"' B. subtilis 
cells + 0.25 g l"1 kaolinite ( • , thick line). 
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Cd adsorption onto mixtures of HFO and kaolinite is depicted in Figure 4.4. A 

mixture of 75% HFO + 25% kaolinite adsorbs free Cd to a similar extent as the 100% 

HFO experiments, with only slightly less adsorption above pH 7. The 25% HFO + 75% 

kaolinite mixture adsorbs substantially more Cd than experiments conducted with 100% 

kaolinite, but less than those with 100% HFO. These results suggest that HFO 

dominates the adsorption behavior of Cd in experiments where it is 75% of the total 

sorbent mass, and strongly influences Cd adsorption even as a minor component of 25% 

of the sorbent mass. HFO has nearly identical site concentrations as kaolinite, 

contributing approximately 77% of the surface sites when it is 75% of the mixture, and 

27% of the sites when it is 25% of the mixture. The HFO-like adsorption behavior of 

both mixtures attests to the higher affinity of HFO for adsorption of Cd compared to that 

of kaolinite and B. subtilis. Predictive models of the mixtures containing 10 ppm Cd fit . 

the experimental data well, but the models deviate from the 1 ppm data significantly. 

This difference can be attributed again to the poor fit of the one-component 1 ppm Cd + 

HFO model. 

Dissolved acetate, CH3COO ~, is used to determine the effect of aqueous metal-

organic complexation on the adsorption of Cd to one- and three-sorbent systems. We 

conduct these experiments with 1 g l"1 sorbent in the presence of 0.3 M acetate, as 

sodium acetate. To predict the effects of aqueous Cd-acetate complexation on the Cd 

adsorption behavior in one-component systems with acetate, we use the stability 

constants for the Cd-sorbent complexes that we calculated from our one-component Cd 

adsorption experiments, along with the acetate acidity constant and Cd-acetate stability 

constants for the 1:1,1:2, 1 ;3, and 1:4 Cd:acetate complexes from the literature (Martell 

and Smith, 1977). Figure 4.5 compares the measured extents of Cd adsorption in the 
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Figure 4.4: Adsorption of (A) 8.9 x 10"5 M Cd(II) and (B) 8.9 x 10-6 M Cd(II) to 
mixtures of HFO and kaolinite. Dashed lines represent best-fit models to 1 g l"1 HFO 
and kaolinite end members from Figure 1. Darkened symbols and lines represent 
adsorption data and predicted adsorption for two-sorbent mixtures, including 0.75 g 1"' 
HFO + 0.25 g l'1 kaolinite (A, thin line), and 0.25 g T1 HFO + 0.25 g l"1 kaolinite ( • , 
thick line). 
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absence of acetate (solid squares) and in the presence of acetate (open circles). HFO 

experiments and models at 10 ppm and 1 ppm are depicted in Figures 4.5A and 4.5B, 

respectively. The predictive models that include Cd-acetate complexation (dashed lines) 

dramatically underestimate the extent of adsorption observed in the experiments at all 

pH values between 2 and 8. The misfit at low pH, between 2 and 5.5, is less severe than 

the misfit of the high pH data, and likely stems from the failure of the basic HFO model 

to account for Cd adsorption at low pH. Shen et al. (2001) described the adsorption of 

Pb to soil in an acetate-bearing system by proposing that the aqueous Pb-acetate 

complex, Pb(CH3COO)+, adsorbs to surface sites as a ternary site-Pb-acetate complex. 

Similarly, in our systems the 1:1 Cd-acetate complex, Cd(CH3COO)+, dominates the 

aqueous Cd speciation. To account for the observed adsorption behavior, we invoke 

ternary site-Cd-acetate complexation to account for the discrepancy between the 

predicted extents of adsorption and the higher extents that were observed, according to: 

=FesOH° +Cd(CH3COO)+ «-* =FesO-Cd(CH3COO)° + if. (15) 

The equilibrium constant, K15, for the surface-Cd-acetate ternary complex is 

calculated using the previously-determined Cd-surface constants, and solving for the 

best-fit ternary surface complex constant. The calculated log K15 value from this 

approach is 0.9. The grey lines in Figures 4.5A and 4.5B represent these best-fit models. 

Adsorption of the Cd-acetate complex improves the fits substantially at high pH, but the 

models continue to underpredict Cd adsorption below pH 7. This is likely due to the 

relatively poor fit of the one-component HFO model, and potentially because there are 

other ternary interactions that must be considered to model the data accurately. Our 

models suggest that in systems containing HFO and an organic ligand, the CA approach 
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Figure 4.5: Adsorption of 8.9 x 10"5 M Cd to 1 g l"1 A) HFO, C) B. subtilis, and E) 
kaolinite, and 8.9 x 10"6 M Cd to B) HFO, D) B. subtilis, and F) kaolinite. Darkened 
symbols and lines represent adsorption data and predicted adsorption for mixtures 
without acetate. Open symbols are adsorption data in the presence of 0.3 M acetate. 
Dashed line indicates the predicted extent of adsorption in acetate experiments without 
the adsorption of a Cd-acetate complex, and grey line is the best-fit model including a 
Cd-acetate ternary surface complex. 
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may not be sufficient to describe Cd adsorption behavior unless ternary interactions 

between important aqueous complexes and the HFO surface are considered. 

Figures 4.5C and 4.5D depict the adsorption of 10 ppm and 1 ppm Cd to B. 

subtilis cells, respectively. The model predictions of Cd adsorption in the presence of 

acetate (dashed lines) underestimate the actual extent of adsorption (open circles) across 

the entire pH range studied here. This result suggests that an aqueous Cd-acetate 

complex may be adsorbing to the bacterial surface. Models invoking a complexation 

reaction between the Cd(CH3COO)+ complex and either Site 2, 3, or 4 yield a better fit 

to the experimental data, but inclusion of this reaction at Site 2 only (Table 4.3) yields 

the best-fit (grey line). Models invoking Cd(CH3COO)+ adsorption at Sites 2 and 3, or 

Sites 2, 3, and 4 give fits that are equivalent to the Site 2-only model. We use the model ' 

invoking only Site 2 for its simplicity. 

The adsorption of 10 ppm and 1 ppm Cd in the presence of kaolinite and acetate 

is displayed in Figures 4.5E and 4.5F, respectively. As with the HFO and B. subtilis, the 

predictive model that does not invoke a ternary complex under-predicts the extent of Cd • 

adsorption across the entire pH range. Poor, but improved fits are obtained when the 

aqueous Cd(CH3COO)+ ligand is complexed with either the amphoteric (XOH) or 

permanent structural {YO ~) sites. The model invoking only the XOH site underestimates 

adsorption below pH 5, and one invoking only the YO ~ site underestimates adsorption 

where pH is greater than 5. The best-fit (grey line) is obtained when Cd(CH3COO)+ 

adsorbs onto both sites simultaneously (Table 4.3). In the cases of the kaolinite and B. 

subtilis cells, the adsorption of the Cd(CH3COO)+ complex from solution is sufficient to 

describe the observed data. Additionally, the stability constants of ternary surface-Cd-

acetate complexes calculated for an individual sorbent are similar whether modeling 
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TABLE 4.3 

TERNARY COMPLEXATION REACTIONS 

HFO Log K values" 
lppm lOppm 

=FesOH° + Cd(CH3COOf «-> =FesO-Cd-CH3C02° + if 0.9 0.8 

=FewOrf + Cd(CH3COO)+ <-+ =FewO-Cd-CH3C02° + Ft N/A -2.9 

B. subtilis cells 

R-Af + Cd(CH3COO)+ «-• R-A2-Cd-CH3CO2
0 4.8 4.8 

Kaolinite 

XO// + Cd(CH3COO)+ •-> XO-Cd-CH3CO2
0 + ft -1.3 -1.3 

7 0 " + Cd(CH3COO)+ <-> YO-Cd-CH3C02° 5.8 6.0 

a. Log K values for each reaction are calculated from best-fit models of 1 ppm and 10 ppm Cd 
adsorption data. 



adsorption data from the 1 ppm or 10 ppm experiments (see Table 4.3). For instance, the 

log lvalues for Cd(CH3COO)+ complexation at Site 2 of the B. subtilis cells is 

calculated to be 4.8 from both the 1 ppm and 10 ppm data. This provides further 

evidence that the Cd(CH3COO)+ complex is adsorbing to each sorbent, that we are using 

the correct ternary complexation stoichiometries (Table 4.3), and that these reactions are 

capable of accounting for adsorption over a range of Cd concentrations. 

4.3.4 Cd adsorption to three-component mixtures 

The adsorption behavior of 1 ppm Cd to three-component mixtures of HFO, B. 

subtilis, and kaolinite is illustrated in Figure 4.6. Four mixtures of the sorbents are 

investigated, one where each component comprises 33% of the 1 g l"1 sorbent present 

(Figure 4.6D), and three sets in which one of the sorbents is 80% of the total mass, and 

the remaining 2 sorbents represent 10% of the total mass, each. In the mixture where 

each component contributes 33% of the sorbent mass, the B. subtilis cells, HFO, and 

kaolinite contribute 66%, 18%, and 16% of the reactive sites, respectively. However, as 

in the two-component experiments containing HFO that are described in Section 3.3, the 

most Cd adsorption is observed in experiments that contain a greater fraction of HFO. 

The mixture of 80% HFO + 10% B. subtilis cells + 10% kaolinite (Figure 4.6A) adsorbs 

Cd to a nearly identical extent as the 100% HFO system (see Figure 4. IB). Mixtures 

containing only 10% HFO and 80% B. subtilis or kaolinite (Figures 4.6B, 4.6C, 

respectively) adsorb Cd to a lesser extent. The lowest extent of Cd adsorption is 

observed in the single component kaolinite systems (Figure 4.1). Thus, the Cd 

adsorption behavior in the ternary mixtures of these sorbents is directly related to the 

extent of adsorption observed in the single-sorbent systems. All 3-component predictive 
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Figure 4.6: Adsorption of 8.9 x 10"6 M Cd to three-component mixtures of HFO, 
kaolinite, and B. subtilis, and in the presence of 0.3 M dissolved acetate. Darkened 
symbols and lines represent adsorption data and predicted adsorption for mixtures 
without acetate. Open symbols and dashed lines are adsorption data and predicted 
adsorption in the presence of 0.3 M acetate, respectively. Sorbent mixtures include A) 
0.8 g f1 HFO + 0.1 g 1"' B. subtilis + 0.1 g l"1 kaolinite, B) 0.1 g T1 HFO + 0.8 g T1 B. 
subtilis + 0.1 g l'1 kaolinite, C) 0.1 g l'1 HFO + 0.1 g l'1 B. subtilis + 0.8 g l'1 kaolinite, 
D) 0.33 g r1 HFO + 0.33 g l"1 B. subtilis + 0.33 g Pkaolinite. 
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models describe the adsorption data reasonably well. The predicted extent of adsorption 

in the system containing 80% HFO (Figure 4.6A) shows minor discrepancies due to the 

fit of the pure HFO end-member. However, in mixtures of HFO, B. subtilis cells, and 

kaolinite, the CA approach is generally successful in predicting Cd adsorption at our 

experimental conditions. 

The results of adsorption experiments conducted with three sorbents in the 

presence of 0.3 M acetate are depicted in Figure 4.6 (open circles). The dashed lines 

represent the best-fit Cd adsorption models, including the ternary complexation reactions 

calculated in this study and listed in Table 4.3. Figure 4.6A depicts Cd adsorption for a 

mixure of 0.8 g l"1 HFO + 0.1 g l"1 B. subtilis cells + 0.1 g l"1 kaolinite in the presence of • 

acetate. Compared to the same mixture in the absence of acetate (solid squares), more 

adsorption is observed below pH 5, and less above pH 6. Similar trends with pH are 

observed in the other three-component mixtures, including: 0.1 g l"1 HFO + 0.8 g l"1 B. 

subtilis cells + 0.1 g l"1 kaolinite (Figure 4.6B), 0.1 g l'1 HFO + 0.1 g l"1 B. subtilis cells + • 

0.8 g l"1 kaolinite (Figure 4.6C), and 0.33 g l"1 HFO + 0.33 g l"1 B. subtilis cells + 0.33 g 

l'1 kaolinite (Figure 4.6D). The predictive models of these ternary systems may 

underestimate Cd adsorption below pH 5 (Figure 4.6) because of poor fit of the basis 1 

ppm + HFO data (Figure 4.1B) is carried into these models. At pH greater than 6, all 

one-sorbent models of HFO, kaolinite, or B. subtilis cells in the presence of acetate 

(Figures 4.5B, 4.5D, 4.5F, respectively) fit the experimental data well. The predictive 

models of three-sorbent systems with acetate may overestimate adsorption at higher pH 

due to particle adhesion which causes a decrease in Cd adsorption as reactive sites are 

blocked. In particular, HFO, which has positively-charged sites under all experimental 
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conditions, may aggregate with negatively charged kaolinite particles and/or B. subtilis 

cells. 

4.4 Conclusions 

In this study, we test if the CA approach can account for Cd adsorption to 

mixtures including B. subtilis cells, HFO, kaolinite, and dissolved acetate. We first 

conduct Cd adsorption experiments onto each sorbent separately at two metal 

concentrations. Using acidity constants and site concentrations for each sorbent from the 

literature, we model these adsorption data to calculate Cd stability constants for each 

sorbent. Using these constants, we predict the extent of Cd adsorption in two- and three-

component mixtures of the sorbents at various mass ratios. In the absence of dissolved 

acetate, the predictive models match experimental data well. However, in the systems 

that we test that contain dissolved acetate, the models predict a bigger decrease in 

adsorption than we observed. We account for this enhanced adsorption in the presence of' 

acetate by invoking the adsorption of the Cd(CH3COO)+ aqueous complex to each 

sorbent to form a ternary surface-Cd-acetate complex. 

The component additivity approach represents a powerful means to extrapolate 

our understanding of metal adsorption in simple one-sorbent systems to predict metal 

distributions in complex multi-sorbent settings. Our results indicate that the CA 

approach is reasonably accurate under some circumstances. However, caution should be 

used when applying this approach to geologic systems, as site blockage and the 

formation of ternary complexes can significantly affect the accuracy of the CA 

predictions. 
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CHAPTER 5 

THE EFFECT OF NP(V) INCORPORATION ON THE SOLUBILITY OF SODDYITE 

5.1 Introduction 

Whereas some properties of materials change rapidly with grain size at the 

nanoscale (Hochella, 2002; Gilbert et al., 2004), similarly large responses of bulk 

properties to ppm levels of impurities are uncommon. Solubility in aqueous solutions 

greatly influences geochemical and environmental systems, yet the extent to which 

solubility is impacted by low-level impurities is largely unknown. No robust theory 

exists to explain such influences where they depart from ideal behavior. Here we 

examine a specific case where ppm-level substitution results in a dramatic reduction of 

the aqueous solubility of the recipient phase. 

A system of particular environmental interest is the substitution of the Np(V)02+ 

neptunyl ion for the U(VI)022+ uranyl ion in a uranyl silicate phase. Commercial spent 

nuclear fuel consists primarily of the solid phase UO2, but also contains other actinides 

including Np, a potentially mobile radionuclide under moist oxidizing repository 

conditions such as those expected at the Yucca Mountain site, Nevada, USA. Under 

these conditions, U02 is unstable, and rapidly oxidizes to form a range of uranyl [U(VI)] 
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phases (Wronkiewicz et al., 1992; Finch and Ewing, 1992; Finn et al., 1996; Finch and 

Murakami, 1999; Finch et al., 1999; McNamara et al., 2003). Uranyl silicates, including 

soddyite, (U02)2Si04(H20)2, are among the most important alteration phases to form 

(McNamara et al., 2003). Np in spent nuclear fuel is present predominantly as Np(IV), 

but under oxidizing conditions can transform into Np(V), which is present as the 

neptunyl cation, Np02+, in aqueous solutions. Due to the similarities in cation size and 

coordination geometry, the neptunyl moeity can substitute for the uranyl cation, 

U(VI)022+, in soddyite and other alteration phases (Klingensmith and Burns, 2007; 

Klingensmith et al., 2007), but the effect of its incorporation on the solubility of these 

phases is unknown. 

Cation substitution, or solid-solution, in a crystal structure can either enhance or 

decrease the solubility of the compound. For example, the incorporation of Mg2+ into the 

calcite structure causes an increase in its solubility (Davis et al., 2000), but the 

incorporation of trace amounts of La3+ results in crystal growth inhibition and a decrease 

in mineral solubility (Kamiya et al., 2004). Sass and Rai (1987) co-precipitated 

amorphous Cr3+ and Fe3+ hydroxides, and found these co-precipitates to behave 

thermodynamically as ideal solid solutions. The closest analog to our study is that of 

Rai et al. (2004), who determined the effect of Np4+ incorporation into uraninite (UO2) 

across the entire range of solid solution. The authors observed ideal solid solution 

behavior, or a decrease in the aqueous U4+ concentration in equilibrium with the solid 

phase that is equal to the decrease in the mole fraction of U4+ within the solid phase with 

increasing extents of Np4+ substitution. In the cases of Np(V) and U(VI), the 

approximately linear dioxo cations Np(V)02+ and U(VI)02+ dominate both solution and 

crystal chemistries. The Np(V)02+ neptunyl ion is geometrically compatible with 
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U(VI)02 sites in a crystal (Bums, 2005; Forbes and Burns, 2008), but a charge-

balancing co-substitution is needed. Perhaps more importantly, the dominance of cation-

cation interactions in Np(V) compounds (Forbes and Burns, 2008), and their near-

absence in U(VI) compounds, is compelling evidence that the bond strengths within the 

neptunyl and uranyl ions are different. Substitution of the linear Np(V)02+ ion for the 

geometrically similar U(VI)C>22+ ion may have significant ramifications for the stability 

of the structure because of the different bonding requirements of the cations and the O 

atoms. The increased complexity of substitution could lead to non-ideal solid-solution 

behavior and more complicated solubility effects compared to those observed in 

uraninite. Here, we test this hypothesis by measuring the solubility effect of Np(V)02+ 

substitution for U(VI)02 in the uranyl silicate soddyite. 

5.2 Materials and Methods 

Soddyite was synthesized using a mild hydrothermal method similar to that 

reported by Gorman-Lewis et al. (2007) and Klingensmith and Burns (2007). A Np(V) 

stock solution was prepared from 500 mg of Np02 powder was purchased from Oak 

Ridge National Laboratory. Approximately 25 mg of the Np02 powder was placed in a 

•7-mL Teflon cup with a screw top lid. Three mL of concentrated HNO3 was added; the 

cup was tightly sealed and then placed in a 125-mL Teflon-lined Parr acid digestion 

vessel. Thirty-five mL of ultrapure water was added to the vessel to provide counter-

pressure during the heating cycle. The vessel was heated at 150 °C in a Fisher Isotemp 

oven for 48 hours. After the heating cycle, no NpC>2 powder was observed and the 

solution was a dark brownish green color. A UV spectrum of the solution indicated that 

the neptunium was in both a pentavalent and hexavalent state by the presence of peaks at 
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980 cm"1 and 1223 cm"1, respectively. No peaks associated with tetravalent Np were 

present in the spectrum. A small amount of NaNCh was added to the solution, which 

resulted in the reduction of Np(VI) into Np(V) as indicated by a color change of the 

solution from a brownish green to a bright emerald green. The pentavalent Np was 

precipitated into a relatively insoluble Np hydroxide precipitate using a small amount of 

a saturated NaOH solution and washed three times with ultrapure water to remove the 

excess sodium from solution. The precipitate was then re-dissolved in the appropriate 

amount of 1 M HNO3 to create an approximately 1000 ppm stock solution. A UV 

spectrum of the final stock solution confirmed that no Np(IV) or Np(VI) was present. 

The actual concentration of the stock solution was measured using LA-ICP-MS. Na+ 

can be incorporated into the Np hydroxide compound and released into solution with the 

re-dissolution of the precipitate; Therefore, a small amount of Na+ is usually present in 

the final Np(V) stock solution. 

An appropriate aliquot of the neptunyl stock solution (1270 ppm Np(V) in 1.0 M 

HNO3), was added to each synthesis to achieve the following initial aqueous Np 

concentrations: 12.7 ppm, 127 ppm, 381 ppm, and 634 ppm. After heating, the resulting 

precipitate from each synthesis was washed four times with boiling ultrapure 18 MCI 

water to remove adsorbed Np and/or adhered colloidal material. After the powders were 

washed with boiling water, a small amount of ultrapure water was added to each product 

to create a slurry mount on a zero-background quartz plate. The powder was air-dried 

overnight and then covered with a small piece of Kapton® tape to prevent 

contamination. A X-ray diffraction pattern was collected on a Scintag powder 

diffractometer from 10-90° 29 with a step size of 0.02 °/sec and scan speed of 10 

seconds. The powder pattern matched those of PDF-00-035-0733 and PDF-01-079-1323 
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for synthetic soddyite. Fourier transform infrared (FTIR) spectroscopy on the dried 

powders confirmed that no amorphous phases were present. The concentration of Np(V) 

incorporated into each synthesized solid phase was calculated by the difference between 

the known initial Np aqueous concentration in the synthesis solution and the Np 

concentration that remained in the combined synthesis and wash solutions after 

synthesis. The soddyite phases reported here have 24, 919, 2730, and 6511 ppm Np 

incorporated into the crystal structure (Table 1). 

We used transmission electron microscopy with electron diffraction spectroscopy 

(TEM-EDS) to obtain images and the chemical composition of individual soddyite 

crystals from each of the solid phases synthesized in this study. We observed a constant 

chemical composition for all crystals examined for each Np-incorporated solid phase, 

and the crystal cores exhibited the same composition as the rims, suggesting that a single 

phase was present in each sample. TEM electron diffraction patterns from single 

crystals of each phase indicated that soddyite was the only phase present in each 

synthesized powder sample. 

To begin a solubility experiment, approximately 125 mg of a soddyite powder, 

100 mg of silica gel (to buffer aqueous Si concentrations), and 7 ml of 18 MQ ultrapure 

water were placed in a teflon-coated centrifuge tube. In order for the systems to reach 

equilibrium more quickly, the starting solutions were spiked with 10"45 M U02
2+ and 

10"3 5 M Si, each of which is below the expected equilibrium concentrations for these 

species. Experiments were conducted at pH 3.4, and the pH was adjusted using small 

volumes of concentrated HNO3 until the pH did not vary. Between sampling intervals, 

experimental tubes were slowly agitated on a rotary shaker. Aliquots of 400 \xL of the 

experimental solutions were extracted periodically over a period of 24 days. To extract a 
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TABLE 5.1 

PROPERTIES OF NP-INCORPORATED SODDYITES 

Np in 
synthesis 
solution 

(ppm) 
12.7 
127 
381 
634 

Np in solid 
phase 
(ppm) 

24 
919 
2730 
6511 

Mole Fraction 
U Soddyite 

(Xsoddyite) 
0.9999 
0.9987 
0.9962 
0.9908 

Mineral Activity 
Coefficient 

( r Soddyite) 

1.00 
0.95 
0.66 
0.44 
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sample, the Teflon tubes were centrifuged at 20,000 g for 2.5 minutes. An aliquot of the 

resulting supernatant was removed, filtered through a 0.20 \im nylon filter, and stored 

for dilution. Following dilution, these aliquots were analyzed for total aqueous Np, U, 

and Si concentrations using inductively coupled plasma optical emission spectroscopy 

(ICP-OES) for U and Si, and inductively coupled plasma mass spectroscopy (ICP-MS) 

for Np. Samples analyzed for Np were internally standardized with 1 ppb Tl and Bi. 

Repeat analyses of element internal standards indicated that instrumental uncertainty 

was ±3.6%. X-ray diffraction analyses of the solid phase after each experiment did not 

reveal a change in crystallinity, and confirmed that soddyite was the only crystalline 

phase present in each solubility experiment. 

5.3 Results and Discussion 

The concentrations of U, Si, and Np increased from undersaturation to reach 

steady-state within 10 days. As expected, the steady-state aqueous Np concentration 

increases as a function of the Np concentration in the solid phase (Figure 5.1 A). The 

steady-state aqueous Si concentrations for each experiment are, within analytical 

uncertainty, independent of the Np concentration in the solid phase used in each 

experiment (Figure 5.IB). The average steady-state Si concentration value for all 

experiments is 10"266 molal, suggesting that Si was successfully buffered in solution by 

the amorphous silica gel, which has reported solubility values ranging from 10"2 38 to 

10"271 molal (Morey et al., 1964; Walther and Helgeson, 1977). However, the steady-

state aqueous U concentrations decrease appreciably as the concentration of Np 

incorporated in the solid phase increases (Figure 5.IB). We average the measured pH 

and U, Si, and Np concentrations from the final five sampling periods (between days 14 
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Figure 5.1: Measured aqueous concentrations of Np (A) and U and Si (B) during 
solubility experiments at pH 3.4. Solid phase Np concentrations are: 24 ppm ( • ) , 919 

ppm (A), 2730 ppm ( • ) , and 6511 ppm ( • ) . 
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and 22 of the solubility experiments) for use in the thermodynamic calculations. The 

measured pH and element concentrations for each experiment are given in Table 2. 

Using the steady-state measured aqueous Np concentrations and the known Np 

content of each solid phase, distribution coefficients (Kd) were calculated for each phase 

according to: 

m 
JS- Np,solution 

Kd= , (1) 
mNp,solid 

where m NP, solution represents the aqueous phase Np molality, and m NP, solid represents the 

solid phase concentration of Np in units of mol kg"1. Log Kd values from experiments 

involving the 24, 919, 2730, and 6511 ppm Np solid phases are -3.70, -4.46, -4.16, and 

-4.22, respectively. The high value for the 24 ppm Np solid phase experiment likely has 

the highest experimental uncertainty; the aqueous Np concentrations in this experiment 

were near the detection limit for the ICP-MS approach. The other Log Kd values are 

relatively close to one another, and do not vary systematically as a function of Np 

content in the solid phase. The apparent constancy of the Kd values suggests that aqueous 

Np concentrations in equilibrium with solid phases with higher Np contents can be 

estimated using these same Kd values. 

The effect of Np incorporation on the solubility of the solid phase in terms of the 

release of U into solution is much larger than would be predicted assuming ideal solid-

solution behavior for the neptunyl substitution for uranyl. Although the exact structural 

mechanisms of incorporation have not been determined, because of charge balance 

considerations, substitution of Np(V)02+ for U(VI)022+ in the soddyite structure is most 

likely accompanied by concomitant substitution of Na+ into a vacant cavity 
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TABLE 5.2 

EQUILIBRIUM SPECIES CONCENTRATIONS AND PH FROM EACH 
SOLUBILITY EXPERIMENT USED FOR THERMODYNAMIC CALCULATIONS, 

REPORTED AS LOG MOLALITIES 

Soddyite Time 
Phase (days) pH Np U Si 
24ppm 14 3.38 -7.87 -2.01 -2.61 
24 ppm 16 3.42 -7.77 -2.00 -2.63 
24ppm 18 3.42 -7.77 -2.00 -2.63 
24 ppm 20 3.40 -7.74 -2.00 -2.62 
24 ppm 22 3.40 -7.74 -2.00 -2.62 

919 ppm 14 3.40 -6.87 -2.01 -2.60 
919 ppm 16 3.42 N/A -2.02 -2.63 
919 ppm 18 3.45 -6.87 -2.01 -2.63 
919 ppm 20 3.42 -6.81 -2.01 -2.63 
919 ppm 22 3.44 -6.83 -2.01 -2.63 

2730 ppm 14 3.42 -6.26 -2.14 -2.62 
2730 ppm 16 3.45 -6.20 -2.13 -2.64 
2730 ppm 18 3.44 -6.20 -2.14 -2.64 
2730 ppm 20 3.43 -6.11 -2.14 -2.64 
2730 ppm 22 3.43 -6.10 -2.14 -2.64 

6511 ppm 14 3.41 -6.08 -2.36 -2.64 
6511 ppm 16 3.44 -6.02 -2.36 -2.66 
6511 ppm 18 3.41 -6.02 -2.37 -2.66 
6511 ppm 20 3.45 -5.96 -2.37 -2.66 
6511 ppm 22 3.45 -5.95 -2.37 -2.66 
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(Klingensmith and Burns, 2007). Thus, the dissolution reaction for the Np-incorporated 

soddyite can be expressed as follows: 

4H++ [(UO2)Jt(NpO2)(2.j0]SiO4[(H2O)2Na^jr)] <*> 
(2) 

xUO*+ + (2-^)NpO* •+• (2-Jc)Na+ + SiO°(aq) + 4H20 

where x is the number of uranyl sites in the solid phase occupied by the uranyl cation, 

and for pure soddyite, x = 2. The equilibrium constant for reaction (2) is termed the 

solubility product, and can be expressed as: 

v
 aU0? aNpOi aNa+ aSiO% fl»20 

* 7~~a ~ (3) 
UH+ "Soddyite 

where a represents the thermodynamic activity of the subscripted aqueous species or 

solid phase. The thermodynamic standard state for H2O is the pure phase at the pressure 

and temperature of interest. The standard state for aqueous species is a hypothetical one 

molal solution at the pressure and temperature of interest that behaves as if it were 

infinitely dilute, and activities are related to molalities by: 

a, - ft ' ™, (4) 

where rrii is the aqueous molal concentration of species /, and y, is the activity coefficient 

defined in this study using an extended Debye-Huckel approach (Helgeson et al., 1981): 

l08y' = i 7 ^ + bl. (5) 

The values of A and B are constants, and b and ao are electrolyte-specific constants, z, 

represents the charge of the ion of interest, and / is the solution ionic strength. 

In each experiment with a different Np-incorporated soddyite, we measured the 

total concentrations of U, Np, and Si, and under the experimental conditions, these 

concentrations are equal to the concentrations of UO2 , NpC>2 , and Si02(aq). We 
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measured pH for each sample, and from the known concentration of base addition to 

each system, we can calculate the Na+ molality. According to equation (3), concentration 

values for each aqueous species, in conjunction with a value for Ksp, yield a calculated 

value for the activity of the particular Np-incorporated soddyite used in each experiment. 

In this study, in order to isolate the effect of Np substitution, we use the 24 ppm Np 

soddyite solubility measurement to calculate an internally consistent baseline value for 

Ksp of 10 6 56. This value is slightly higher than, but within experimental uncertainty of, 

the value calculated by Gorman-Lewis et al. (2007). 

Because we know the mole fraction of Np in each solid that was studied, we can 

directly calculate the activity coefficient of each solid phase: 

aSoddyite =-^ Soddyite '* Soddyite ( 6 ) 

where ̂ soddyite is the mole fraction of uranyl soddyite, and Ysoddyue is the activity 

coefficient of the solid. Ideal solid-solution behavior is characterized by a Tsoddytte value 

of 1. Equation 3 is insensitive to the activities of NpC>2+ and Na+ when values of x are 

close to 2, as in these experiments. Therefore, at fixed pH and buffered Si activities, and 

with increasing Np incorporation in the soddyite, the solid phase would demonstrate 

ideal solid-solution behavior if the activity of U022+ decreased by the same amount as 

Soddyite- This behavior was observed for Np+4 incorporation into UO2 by Rai et al. 

(2004). 

We observed an incorporation effect that is dramatically larger than that 

predicted by ideal solid-solution behavior. For example, the 6511 ppm Np soddyite 

corresponds to a XSOddyite value of 0.9908. Ideal solid-solution behavior, then, would 

correspond to an aqueous U02+2 decrease of only 0.004 log molality units, essentially an 

unchanged concentration relative to the value measured for the experiments involving 
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the 24 ppm Np solid. In actuality, the 6511 ppm Np soddyite experiment exhibited a 

UCV2 molality decrease of 0.36 log molality units (Figure 5.1B), an effect that is 

approximately two orders of magnitude greater than that expected for ideal solid-

solution behavior. Values of Tsoddyite increasingly depart from ideal behavior (where 

rsoddyite = 1) as XSOddyite decreases (Figure 5.2). With the limited data available, it is 

difficult to reliably extrapolate the relationship that is depicted in Figure 5.2 to determine 

the solubility behavior of solids with higher levels of Np incorporation. However, the 

effect of Np incorporation into the soddyite structure is dramatic even for the low levels 

of Np incorporation documented in this study, and Figure 5.2 suggests that the effects 

are likely to increase with increasing Np incorporation. It is possible that neptunyl forms 

a complete solid solution with uranyl in the soddyite structure, and our results suggest 

that these higher Np content solids would be in equilibrium with much lower aqueous 

uranyl activities than would be expected based on ideal solid-solution behavior. 

5.4 Conclusions 

The experimental results reported here indicate that neptunyl substitution for 

uranyl in soddyite is much more complex and exerts a much larger effect on mineral 

solubilities than the ideal Np4+ substitution for U4+ observed by Rai et al. (2004). Several 

mechanisms may explain the deviation from ideal solid solution behavior observed in 

soddyites containing Np(V). Np(V)C>2+ exhibits markedly different bond strengths than 

are present within U(VI)C>2+2, and due to the charge imbalances that accompany NpC>2+ 

substitution for U02+2, a co-substitution (most likely with Na"1) must occur. These 

complicating factors make the substitution of NpC>2+ for UC>2+2 in uranyl phases much 

more complex than the simple (and ideal) one-for-one incorporation that is possible with 
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Figure 5.2: The solid phase activity coefficient (rSOddyite) as a function of the mole 
fraction of uranyl soddyite (Xso,uyue)-
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Np substitution for U inuraninite. The more complex substitution is likely to occur 

for any Np(V)C>2+ substitution for U(VI)02+2 in uranyl compounds in general, so the 

large Np(V) incorporation effect on the solubility of uranyl minerals is likely to 

significantly affect the solubility of the wide range of uranyl phases that incorporate 

even fairly low concentrations of Np. Our results suggest that incorporation of Np(V) 

into secondary uranyl phases can not only limit and control the mobility of Np in 

repository systems, but may decrease the mobility of U as well through non-ideal solid-

solution effects. 
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CHAPTER 6 

CONCLUSIONS 

This dissertation provides new insight into the adsorption of monovalent cations 

onto bacterial cell walls, the adsorption of cadmium onto mixtures of soil components, 

the determination of biomass C in soils, and the release of Np and U from a uranyl 

silicate mineral, soddyite. In Chapter 2,1 propose an alternative method to account for 

the effects of ionic strength on the adsorption of divalent and trivalent metal cations onto 

bacterial surfaces. The effect of ionic strength on the adsorption of metals has typically 

been accounted for by varying the extent and strength of the electric field surrounding 

the bacteria. My results indicate that ionic strength can also be accounted for by 

calculating equilibrium constants for complexes between monovalent cations in solution 

and the discrete organic functional groups present on the bacterial surface. In this way, 

higher-charged metals in solution and monovalent cations compete directly for 

adsorption to the bacterial surface functional groups. I test this direct competition model 

by fitting existing data sets of Cd adsorption to Bacillus subtilis in the presence of 

monovalent cation competition. The results show that the apparent equilibrium 

constants for Cd-surface complexes is higher than was previously calculated when 
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monovalent cation competition was not included. The non-electrostatic, direct 

competition approach I develop here is simpler than the electric field approach because it 

does not entail the use of arbitrary fitting parameters, and is therefore easier to apply to 

complex geochemical systems. 

The universal equilibrium constant I propose for complexes between monovalent 

metals and Site 2 of B. subtilis (log K = 1.9 ± 0.3) is fairly well constrained by my work. 

However, to more rigorously test the accuracy of this value, monovalent cation 

adsorption experiments should be performed at different cation:/?, subtilis concentration 

ratios. Experiments containing a lower cation:bacteria ratio are likely to give a greater 

range of metal uptake than the low percentage (0 - 20%) of metal uptake observed in our 

experiments. Models of data at different catiombacteria ratios also may indicate if 

adsorption is occurring only on Site 2 of the bacteria, as I conclude from experiments in 

Chapter 2, or if other sites need to be invoked to describe the observed adsorption 

behavior. Additionally, Yee and Fein (2001) demonstrate that the adsorption behavior 

of Cd across a wide range of pH values is nearly identical for seven Gram-positive and 

Gram-negative species. Repeating monovalent cation adsorption experiments using 

other bacterial species will reveal if the adsorption of these cations is a similarly 

universal phenomenon. 

I test validity of the fumigation-extraction method (Vance et al., 1987; Tate et al., 

1988) for determining biomass C in soils in Chapter 3. The method is based on the 

premise that soils can be exposed to chloroform gas for 24 hours to lyse bacterial cells in 

the soil, and that the chloroform can be fully recovered by evacuation after that time. I 

test this assumption by performing the fumigation-extraction process on individual 

components of soils, including kaolinite, montmorillonite, quartz sand, humic acid, and 
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bacteria. Chloroform substantially adsorbs to both of the clays, enhancing the carbon 

pool in extraction solutions of these materials. Since biomass C is measured only as the 

total organic carbon in the extracts, this adsorbed chloroform that enters into the 

extraction solutions is likely to be misinterpreted as biomass, causing artificially high 

biomass C measurements. Thus, in soils containing a significant clay fraction, the 

fumigation-extraction method may be invalid, or require a correction factor to be usable. 

A comprehensive study to determine which types of natural soils adsorb 

chloroform during the fumigation-extraction process is necessary. Among the factors 

that may influence chloroform vapor adsorption to a soil are the clay content, as 

discussed here in Chapter 3, soil moisture (Chen and Dural, 2002), and the presence of 

adsorbed bacteria and biofilms on clay surfaces. A universal correction factor to adjust 

experimental data for the adsorption of chloroform to soils is unlikely to be successful 

because of the complexity and variety of soil compositions found in nature. However, it . 

may be possible to salvage the fumigation-extraction method for an individual soil by 

determining the fraction of carbon in its extract that is due to bacterial lysis, and the 

fraction due to chloroform. Methods including gas chromatography - mass 

spectrometry (GC-MS), or UV-visible spectrometry methods can quantify chloroform in 

solutions. If the chloroform concentration in extracts is determined using one of these 

methods, it could be subtracted from the total organic carbon measurement in a sample 

to give the amount of carbon attributed to the soil sample. In the fumigation-extraction 

method as currently used, two pools of carbon are determined: that due to cell lysis, 

which may include chloroform artifacts, and the background carbon in the soil prior to 

fumigation. Using the correction procedure I propose above, carbon would be divided 

into three discrete pools: adsorbed chloroform, that due to the lysis of bacteria, and 
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background carbon extracted from unfumigated soil samples. Thus, a true measure of 

biomass C may be feasible, despite the adsorption of chloroform vapor. 

In Chapter 4,1 rigorously test the component additivity (CA) approach in 

mixtures of B. subtilis cells, HFO, kaolinite, and dissolved acetate. Cd is adsorbed to 

each component individually, and equilibrium constants for Cd-sorbent surface 

complexes are calculated using existing surface complexation models for each sorbent. I 

conclude that Cd adsorption to two- and three-component mixtures of the geosorbents is 

well predicted by combining the constants calculated from the one-component systems. 

In experiments including dissolved acetate as a representative organic acid, however, the • 

CA approach does not work well even in simple one-sorbent systems. Invoking only 

aqueous Cd-acetate complexes causes the predictive model to underestimate the 

observed extent of adsorption at all pH levels. To obtain a better fit, it is necessary to 

calculate equilibrium constants for the complexation of a cadmium acetate, 

Cd(CH3COO)+, to each sorbent. Accounting for ternary complexation among solid 

surfaces, metals, and dissolved organic acids is likely important in describing the 

distribution and transport of heavy metals. Careful consideration of ternary 

complexation is likely to be important in applying the CA approach to realistic geologic 

systems, where metal-organic aqueous complexes may be the dominant species 

adsorbing to soil or aquifer components. 

Our data require models that include adsorption of the Cd(CH3COO)+ complex to 

each sorbent in order to account for the observed adsorption behaviors. More detailed 

evidence regarding the types and coordination environments of ternary metal-organic-

surface complexes forming in our experiments could be provided by a spectroscopic 

technique such as extended adsorption x-ray fine structure (EXAFS) or Fourier 
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transform - infrared spectroscopy (FT-IR). Future studies should determine the impacts 

of more complex organic ligands on metal adsorption, including fulvic and humic acids 

that will be present in natural systems. The ultimate application of the CA approach is in 

predicting metal distribution in soils. The physical components that make up soils can 

be divided into a few, broadly defined categories, or many detailed categories. The 

challenge is in defining these component categories well, so that surface complexation 

modeling provides accurate predictions of metal distributions. 

The solubility effect of Np(V) incorporation into the uranyl silicate phase, 

soddyite, is discussed in Chapter 5. My results show that a relatively minor substitution 

of less than 1 atomic % NpC>2+ for UC«22+ in the crystal structure results in a dramatic 

decrease in phase solubility, approximately 100 times more than would be expected by 

invoking ideal solid solution chemistry. This non-ideal behavior has important 

implications for nuclear repositories or Np contaminated groundwaters in oxidizing 

conditions where soddyite may be present or may form. Specifically, the incorporation 

of Np(V) into soddyite and the subsequent decrease in phase solubility may dramatically 

limit the mobility of both Np and U in these systems. 

The exact structural mechanisms of Np incorporation into soddyite are not 

known with certainty. Due to the low concentrations of Np incorporated into the 

soddyite phases synthesized in my studies, elucidating the coordination of Np(V) in the 

crystal structure is difficult. If a phase with a higher Np concentration in the solid can be 

synthesized, EXAFS may reveal more about the binding environment of Np in soddyite. 

Our studies cover only a small fraction of the theoretical solid solution between uranyl 

soddyite and a potential end member containing 100% neptunyl cation in the uranyl 

sites. I propose that the concentration of Np released into solution from Np-soddyite 
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phases can be predicted by a simple linear distribution coefficient, Kd, approach at the 

modest levels of Np incorporation detailed here. However, it is unclear how far into the 

solid solution this linear relationship extends. The deviation of Np-soddyite from ideal 

behavior, as quantified by the soddyite activity coefficient rSOddyite, is directly related to 

the mole fraction of uranyl soddyite in a phase. Because of the rapid decrease in rSOddyite 

from pure soddyite, where rSOddyite = 1, to 1% Np-incorporated soddyite, where rSOddyite= 

0.44, this relationship cannot remain linear much further into the solid solution. Another 

empirical fit, such as a Freundlich or Langmuir isotherm, may substitute for the linear Kd 

approach that is valid at low levels of Np incorporation. Additionally, solubility studies 

on soddyites with more than the 1% Np substitution in my study will provide a better 

understanding of the observed decrease in solubility. Future work should also include 

solubility studies of other Np-incorporated uranyl phases, such as uranophane and Na-

compregnacite, that may incorporate significant amounts of Np. 

The characterization of heavy metal and radionuclide transport in geologic 

settings requires knowledge of the amount and reactivity of each component in the 

system. My dissertation contributes to the understanding of these topics by improving 

existing thermodynamic models for metal adsorption and mineral solubility, and 

revealing a critical shortcoming in a widely used method of determining biomass in 

soils. As our understanding of individual mechanisms, such as those described here, 

increases, we will be able to model more accurately the distribution of metals in geologic 

systems of increasing complexity. 
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